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Investigation of Biogeochemical Mechanisms of Greenhouse Gas Production in the Urban 
Hudson River Estuary 
By 
Brian Brigham 
Co-advisors: Jeffrey Bird and Gregory O’Mullan 
Coastal megacities deposit significant amounts of carbon (C), nitrogen (N) and other 
pollutants into surrounding waters. These inputs, including wastewater and surface water runoff, 
may affect estuarine and adjacent wetland biogeochemical cycles, microbial production and 
ultimately greenhouse gas (GHG) efflux. In many megacities pollutant loading is typically 
greatest after periods of precipitation when the volume of wastewater and storm water runoff 
exceeds local sanitation capacity, resulting in the discharge of raw sewage into adjacent waters.  
These combined sewage overflow (CSO) events have received considerable attention primarily 
due to their potential impact on human health and eutrophication. However, whether these events 
alter GHG dynamics in the surrounding waterbody remains largely understudied and therefore 
unconstrained. 
To better understand estuarine GHG production and connect it to urban drivers, I quantified 
carbon dioxide (CO2) and methane (CH4) surface concentrations and efflux in combination with 
a suite of biogeochemical parameters including anthropogenic indicators from the Hudson River 
Estuary (HRE). The HRE has overlaying salinity and “urban” gradients with the most densely 
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populated areas located at both the southern brackish (New York City [NYC], NY, USA) and 
northern fresh (Albany, NY, USA) termini. Sampling was conducted from urban mid-channel 
sites, suburban/rural mid-channel sites, urban embayments and natural tributaries (both likely 
delivery areas of C and N), as well directly from CSO discharge. I further explored the impact of 
anthropogenic inputs through a series of laboratory incubation experiments which quantified 
potential CO2 and CH4 production rates following C and N additions with sampled 
soils/sediments of varied salinities and histories of pollutant loading.  
In the largely hypoxic and anoxic environments (wetland soils, embayment sediments and 
the water column) of urban estuaries, facultative and obligate heterotrophic microbial 
communities utilize electron acceptors that yield less energy from the oxidation of organic C 
molecules relative to aerobic environments. These thermodynamic constraints result in reduced 
growth in microbial communities and thus lower demand for N. The ratio of methanogenesis 
(CO2 and CH4 byproducts) to sulfate reduction (CO2 byproduct), two dominant estuarine 
alternative metabolic pathways, is correlated to salinity due to the resupply of sulfate from ocean 
waters and the higher energy yield from sulfate reduction. However, anaerobic soil and sediment 
environments with high concentrations likely support multiple metabolic pathways 
simultaneously. In urban estuaries on-going C and N loading from runoff and wastewater may 
result in greater rates of methanogenesis than would be predicted based on the salinity gradient 
alone. 
We hypothesize that microbial activity in these anaerobic ecosystems (estuary sediments and 
wetland soils) is limited by the availability of labile C which provides electron donors to support 
microbial metabolism. The addition of C from urban inputs will result in both hotspots (poorly 
flushed sewage delivery areas) and hot moments (following sewage additions) of GHG 
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production in the HRE. We predict these large point sources of C will result in greater CO2 and 
CH4 surface concentrations in urban surface waters (notably embayments with reduced tidal 
circulation), relative to suburban/rural areas. GHG concentrations will also be positively 
correlated to indicators of anthropogenic loading, such as dissolved organic C (DOC), dissolved 
organic N (DIN) and fecal indicator bacteria (FIB) values. C additions as acetate (but not nitrate 
[NO3-] nor ammonium [NH4+]) will enhance both CO2 and CH4 production rates in slurry 
incubation experiments with all sampled soils and sediments of varied salinities sampled across 
the HRE.   
Sampling surface waters from the HRE from 2013-2014 (n=10 sampling cruises) yielded 
many key findings including: (1) the HRE was a source of both CO2 (35 ± 4 mmol CO2 m-2 day-
1) and CH4 (191 ± 26 µmol CH4 m-2 day -1) from all sites and almost all (>99%) time points; (2) 
methane (CH4) but not carbon dioxide (pCO2) mid-channel surface values were significantly 
greater in urban vs. less developed areas (regardless of salinity); (3) urban embayments (Flushing 
Bay, Gowanus Canal and Newtown Creek) had the greatest GHG values quantified through the 
HRE and (4) surface water salinity, oxygen saturation, fecal-indicator bacteria, nitrate 
concentrations and temperature best explained the variance in pCO2 (r2=0.85) and CH4 (r2=0.41) 
concentrations in multiple regression analyses, producing robust predictive power for both 
GHGs. Our multifaceted HRE data set demonstrated that urban inputs enhance GHG 
concentrations in surrounding estuarine waters. Enhanced production was localized primarily 
in tributaries and embayments, hotspots of activity. These likely hot spots of CH4 production 
“bleed” into surrounding waters resulting in elevated CH4 surface concentrations in urban mid-
channel vs. suburban/rural sites. 
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Additional FB sampling following dry weather (n=8), wet weather (n=10) and during CSO 
flow (n=2) demonstrated that: (1) CSO discharge was a source of FIBs, DOC, DIN, CH4 and 
CO2, however; (2) except for FIBs, the concentrations of these analytes in surface waters were 
not significantly different following dry or wet weather. The reasons that DOC, NH4+ and GHGs 
were not significantly different between wet and dry weather conditions in FB are likely 
multifaceted, but we posit that the regular CSO inputs of sewage pollutants into FB over many 
years has created a permanent ‘hot spot,’ with elevated labile C and N levels compared with their 
natural state. “Permanent” elevated production from urban embayments was validated by soil 
slurry incubations (3) which demonstrated significantly enhanced CH4 (10X) and CO2 (1.8X) 
production rates following input of acetate C over timescales (>14 days) longer than the 
frequency between CSO events in NYC. Our combined data demonstrates that CSO events are 
both a direct source of CH4 and CO2 and potential indirect source of these GHGs via enhanced 
in situ microbial production from C additions. When these values are scaled to NYCs total CSO 
discharge (6.33 x 10-5 million metric tons of CO2e) or potential production from embayments 
(1.92 million metric tons CO2e) we find that total CO2e production via these pathways represents 
up to 0.0001 and 4%, respectively, of NYCs total GHG footprint. 
Soil slurry incubations with Iona Island Marsh (II; 0-6 mg L-1), Piermont Marsh (PM; 0-12 
mg L-1) and Saw Mill Creek Marsh (SM; 17-27 mg L-1) wetland soils demonstrated that: (1) C 
(as acetate), but not N (NO3- or NH4+), additions significantly enhanced CH4 (>150X) and CO2 
(>1.7X) production rates; and (2) CH4 production in slurry experiments was correlated to salinity 
(r2=0.81) except for FB (20-28 mg L-1) sediments which produced more total C-CH4 day-1 than 
SM soils with similar salinity but with a history of less anthropogenic inputs. Contextual 
sequencing data also showed (3) that each wetland site had dissimilar methanogenic and sulfate 
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reducing communities, which were not impacted by treatments revealing that the enhancement of 
GHG production was driven by alterations in microbial activity, not abundance. Lastly, (4) 
enhanced production, estuarine soils and sediments mineralized less than 20% of C additions as 
GHGs indicating wetland soils and embayment sediments are sinks of anthropogenic C. The 
differences observed in CH4 production lead to much higher estimates of the global warming 
potentials (CO2 equivalents) from these soils/sediments with added acetate (1784 ± 830, 1289 ± 
263, 245 ± 27 and 605 ± 216 µg C day-1 g-1 dry soil C for II, PM, SM and FB, respectively) 
compared with unamended soils (109 ± 12, 157 ± 16, 164 ± 17 and163 ± 39 µg C day-1 g-1 of dry 
soil C for II, PM, SM and FB respectively) during the incubation period. Given these data, C 
pollution from megacities have the potential to increase GHG production from the environment 
across salinity gradients, with soils/sediments (FB) most exposed “primed” for higher production 
rates.  
These data address significant knowledge gaps in the fields of both estuarine and soil 
science. It has long been posited that anthropogenic inputs including wastewater treatment from 
coastal megacities enhance GHG production, concentrations and efflux in estuarine waters. This 
potential loading mechanism has been utilized to explain supersatured GHG concentrations in 
estuaries worldwide. My studies pioneer the linkage of FIB explicitly to both CH4 and CO2 
values on the scale of an entire tidal estuary. The soil incubations were also, to my knowledge, 
the first C addition experiments in temperate wetland soils. Enhanced production via urban 
inputs demonstrated here likely occurs in areas such as tributaries and embayments (CSO 
discharge sites) that have historically received less research attention. For example, a large area 
fraction (34%) of the HRE is shallow (<10 feet) and these shallow areas receive the largest 
delivery of both urban and terrestrial inputs and have received almost no research attention 
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examining estuarine GHG dynamics. Consequently, GHG released from estuaries is almost 
certainty significantly underestimated. C additions from wastewater treatment including CSOs 
alters the environment, likely removes typical controls for microbial production in anaerobic 
soils/sediments, resulting in permanent “hotspots” or GHG production and efflux, akin to 
agricultural systems. Overall, these data demonstrate that CSO discharge is likely a relevant 
management concern beyond the well-recognized human health (fecal contact) and ecosystem 
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Estuaries are among the most biologically productive ecosystems in the world and serve as 
critical intermediaries between terrestrial and aquatic ecosystems (Bianchi 2007a). They receive 
large influxes of carbon (C) and nitrogen (N), amongst many other inputs from rivers and 
streams which undergo various transformations before being transferred to coastal ocean systems 
(Vannote et al., 1980; Smith and Hollibaugh, 1993; Hedges et al., 1997; Raymond and Bauer, 
2001; Cole et al., 2007; Bauer et al., 2013). Importantly, estuaries also flow “both ways”, driven 
by tidal forces that can be many times greater than discharge resulting in mixing and/or 
stratification of intersecting fresh and saline water bodies (Levin and Waldman, 2006). This 
dynamic creates biogeochemical gradients (e.g. salinity, % oxygen saturation, etc…) that in 
combination with geomorphology and nutrient availability influence microbial activity and 
subsequent greenhouse (GHG) production and efflux (Smith and Mackenzie, 1987; Cai et al., 
2010). As the coastal population increases globally (Turner et al., 1996; Small and Nicholls, 
2003), many estuaries are subject to increasing pollution from anthropogenic inputs including 
agriculture and urban surface runoff, land use change, deposition and wastewater inputs 
(Howarth et al., 1996a; Howarth et al., 1996b; Schlesinger, 2009; Cole et al., 1993, Turner et al., 
2005).  
Understanding the impact of urban centers on estuarine ecosystem processes is critical to 
forecasting accurate climate impacts for both estuaries and coastal megacities. While estuaries 
cover 0.2% of the Earth’s surface, they are estimated to have a disproportionally large impact on 
global greenhouse gas (GHG) production, including approximately 0.5% of methane (CH4), 2-
4% of nitrous oxide (N2O) and 2-5% of carbon dioxide (CO2) emissions (Borges and Abril, 
2011; Murray et al. 2015). Since CH4 and N2O have 25 and 298X the global warming potential 
of CO2, respectively, these gases constitute a large proportion (>5%) of the anthropogenic 
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greenhouse effect and are of great management interest (IPCC, 2013). Despite estuaries’ 
disproportionate potential impact on climate compared to other waterbodies, research on 
estuarine greenhouse gas (GHG) dynamics and efflux is sparse, resulting in poorly constrained 
estimates of estuarine GHG emissions (Frankignoulle et al., 1998; Bange, 2006; Seitzinger et al., 
2000). Further, there is a dearth of data that explicitly link estuarine GHG processes to urban 
and/or anthropogenic indicators, obfuscating the impact coastal megacities may have (Brigham 
et al. 2018a).  
In this dissertation, I present research that explores the impact that sewage inputs, with 
emphasis on episodic delivery of untreated wastewater, have on C-based GHG (CO2 plus CH4) 
production in the tidal Hudson River Estuary (HRE). The HRE is a highly urbanized system with 
anthropogenic inputs of C, N, and phosphorus (P) that are among the highest found in estuaries 
worldwide (Howarth et al. 2006; Suszkowski and D’Elia, 2006). Part of this input is from treated 
and untreated sewage inputs from more than 100 wastewater treatment plants (WWTP) located 
in the HRE. Input of untreated sewage is due to the shared sanitary and stormwater infrastructure 
utilized by wastewater treatment plants (WWTP) (Brosnan et al. 2006). After precipitation, 
combined storm and untreated wastewater will exceed capacity, leading to direct discharge in 
surrounding water bodies (Bronsnan and O’Shea, 1996), termed combined sewage overflow 
(CSO) events (Tibbets, 2005). The impact these episodic and pulsed deliveries of N, (Moree et 
al., 2013; Van Drecht et al., 2009; Dumont et al. 2005), C (Servais et al., 1987; Abril et al., 
2002a; Petrone et al., 2009) and potential GHGs (Ashlboul et al., 2016) have on estuarine GHG 
dynamics on both local and regional scales is unknown. 
Chapters 2-4 present a comprehensive and quantitative examination of GHG production from 
the HRE across varied spatial scales and estuarian ecosystem type. First, GHG surface 
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concentrations, efflux, and anthropogenic indicators were quantified from both urban and less 
developed mid-channel sites throughout the entire tidal Hudson River (245 kms) and compared 
to like measurements from urban embayments (sewage delivery areas) and tributaries (Chapter 
2). A closer examination of untreated sewage impacts was investigated in one of these urban 
embayments, Flushing Bay (FB), NYC, NY, by quantifying DOC, DIN, CH4, and CO2 from 
actual untreated wastewater treatment (WWTP) discharge, in addition to measuring the 
concentrations of these analytes in surrounding surface waters over short temporal scales (>72 
hrs; Chapter 3). Lastly, the potential of added C and N to enhance GHG production from 
anaerobic sediment and soils typical of estuarine environments was quantified in a series of 
incubation experiments with samples that varied in both salinity and history of sewage inputs 
(Chapter 4). The overall objective here was to constrain the effect sewage inputs have on 
estuarine GHG production and determine whether it is relevant to NYC’s total GHG footprint, 
warranting management prevention.  
Patterns of GHG production, concentration and efflux in urban estuaries  
Estuaries are generally considered to be net heterotrophic and a source of CO2 and CH4 to the 
atmosphere (Smith and Hollibaugh 1993; Frankingoulle et al., 1998; Cai et al., 1999; Raymond 
et al., 2000; Cai et al., 2010; Regnier et al., 2013a). Microbial production in these systems is 
largely attributed to large allochthonous inputs of dissolved and particle organic matter (DOC 
and POC) from rivers, wetlands and mudflats, all of which support estuarine respiration 
(Bianchi, 2007). Additional inputs of autochthonous DOC and POC from phytoplankton can also 
impact estuarine respiration and is often linked to anthropogenic additions of DIN, enhanced 
phytoplankton growth followed by turnover, enhanced heterotrophic respiration and subsequent 
eutrophication (Turner and Rabalais, 1994; Anderson et al., 2002; Howarth et al., 2006). But, 
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since the biogeochemical conditions which dictate microbial activity in estuarine systems change 
rapidly over short distances and vary seasonally, global estimates of GHG production from 
estuaries vary widely (e.g. global CO2 efflux 0.25 ± 0.25 Pg C yr-1; Regnier et al., 2013a) 
CO2 production and ultimately efflux into the atmosphere is generally found to be greatest 
“upstream” in close proximity to tributaries and marshlands which serve as C and N sources, 
with great variability observed both within and among estuaries worldwide (Frankignoulle et al., 
1998). This variability has been found to be correlated to temperature, river flow, % oxygen 
saturation, light availability, as well as DOC and/or chlorophyll A concentrations in individual 
estuaries (Raymond et al., 1997; Cole and Caraco, 2001; Abril et al., 2002a; Bouillon et al., 
2003; Zhai et al., 2005; Hunt et al. 2011; Noriega et al., 2013; Regnier et al., 2013b). However, 
among estuaries, DOC most strongly explains variance in CO2 concentrations which is indicative 
of terrestrial inputs via tributaries, wetlands, groundwater intrusion or surface runoff sustaining 
heterotrophy (Borges and Abril, 2011). Similarly, CH4 concentrations are also greater in the 
“upstream” portion of estuaries (Middleburg et al., 2002) but in this case is largely correlated to 
estuarine salinity gradients because sulfate reducers outcompete methanogens in more saline 
sediments (Bartlett et al., 1987; Capone and Kiene, 1988). Additionally, the availability of labile 
organic matter, depletion of oxygen and other electron acceptors, balanced with microbial CH4 
oxidation rates (Conrad, 1996; Martens and Benner, 1977) impact estuarine patterns of CH4 
concentration and efflux (Borges and Abril, 2011). In general, a large decrease in CH4 
concentration from fresh to saline waters has been observed (~100 fold) in a meta-analyses from 
European estuarine studies (Abril and Borges, 2005).  
Here CO2 and CH4 surface concentrations, as well as, efflux data from the Hudson River 
Estuary (HRE), a moderately mixed estuary (Geyer and Chant, 2006) are presented in Chapter 2. 
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The tidal HRE has overlaying salinity and “urban” gradients with the densest urban areas located 
at both the southern brackish (New York City [NYC]) and northern fresh (Albany) termini. 
Today, the major input of N (43 103 tons y-1) is split between wastewater discharge (58%) 
concentrated largely downriver and from upriver tributaries (42%) (Howarth et al., 2006) with 
labile C inputs estimated being 4X greater (Griffith and Raymond, 2011). Previous GHG 
research in the HRE has demonstrated that CO2 surface values are supersaturated (average pCO2 
1125 ± 403 µatm; Raymond et al., 1997) throughout the year with greatest values found both 
upstream as well as in summer months (Cole and Caraco, 2001; Griffith and Raymond, 2011). 
Similarly, CH4 surface concentrations (~100 – 1000 nM CH4) have also been found to be 
supersaturated in two studies conducted in the HRE (Hammond et al., 1977; de Angelis and 
Scranton, 1993). However, concentrations and efflux were greatest in the saline terminus in close 
proximity to NYC. This was attributed to salinity inhibiting CH4 oxidation reducing the major 
biological sink in the environment. CO2 and CH4 values quantified in the previously mentioned 
studies are lower (but within an order of magnitude) of those reported worldwide (Bange, 2006; 
Borges and Abril, 2011). While many factors determine GHG differences among estuaries, one 
of the most important factors is residence time. The typical residence time in the HRE is between 
14 -100 days depending on river flow (del Giorgio and Pace, 2008). However, in the lower 
brackish estuary, where the majority of sewage input occurs, residency time is less than 4 days, 
limiting phytoplankton growth and subsequent eutrophication and possible GHG enhancement 
(Howarth et al., 2006). Other partial mixed estuaries with similar residence time, such as the 
Rhine Estuary have comparable average GHG concentrations while those with higher residence 
times (e.g. Scheldt, Pearl, Chesapeake and Mekong Estuaries) generally have greater surface 
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concentrations and subsequent efflux values (Frankignoulle et al., 1998; Vanderborght et al., 
2002; Zhai et al., 2005, Chen et al., 2008) 
Various studies from estuaries which contain large urban and /or agricultural influences 
including the Scheldt, Pearl, and Hudson River Estuaries have demonstrated supersaturated 
concentrations of both CO2 and CH4 year round (Frankignoulle et al., 1998; Abril et al., 2000; 
Middleburg et al., 2002; Chen et al., 2013). It has been posited that anthropogenic disturbances 
in these systems enhance estuarine CO2 and CH4 surface concentrations and efflux, however, 
few studies have made simultaneous measurements of both GHGs and indicators of 
anthropogenic influence to support this to date (Brigham et al., 2018a). Wastewater inputs may 
enhance methanogenesis, despite the brackish salinity around NYC, by providing organic C, plus 
N, P, and other potentially limiting nutrients to fuel high heterotrophic activity. With sufficient 
substrates, microbial activity would ultimately deplete oxygen and sulfate and provide non-
competitive secondary substances (e.g., methylamines) exclusively available to methanogens 
(Borges and Abril, 2011), resulting in greater methanogenesis than would be predicted based on 
salinity alone. This anthropogenic enhancement of methanogenesis may be common in urbanized 
estuaries (Burgos et al. 2015). pCO2 enhancement along the HRE could also be related to N and 
P additions from wastewater and agricultural inputs, which would increase water column 
primary productivity (predominantly phytoplankton) and subsequent decomposition (Howarth et 
al. 2006; Tyler et al. 2003).  
For this chapter, CO2 and CH4 surface concentration and efflux rate data for the HRE are 
presented. These data include measurements from both mid-channel and tributary sites. The 
inclusion of tributaries is significant because tributaries and tributary mixing zones, are typically 
sites of the largest natural and anthropogenic DOC and DIN inputs. Most prior studies have 
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focused on mid-channel measurements, omitting potential hotspots of GHG production and 
anthropogenic alteration. In addition, GHG data is paired with a suite of anthropogenic 
indicators, providing one of the most comprehensive examinations of GHG dynamics in an 
urbanized estuary. My objectives are to determine if GHG concentrations are greater in (1) urban 
regions compared to less developed regions (2), sewage delivery areas compared to mid-channel 
sites and (3) if GHG concentrations are positively correlated to potential anthropogenic 
indicators including DOC, DIN and fecal indicator bacteria (FIB). 
Impact of untreated sewage inputs on estuarine GHG dynamics 
In NYC a large percentage (60%) of storm water runoff and sanitary waste are combined 
(USEPA, 2018a) into shared sewage pipes for delivery to wastewater treatment plants. During 
and immediately after periods of precipitation when the volume of wastewater exceeds the local 
capacity, untreated sewage is discharged into surrounding water bodies via combined sewage 
overflow (CSO) events (Brosnan and O’Shea, 1996)). Discharge occurs at over 600 outfall sites 
within NYC alone even when precipitation events are relatively minor (e.g., >0.25cm for NYC) 
resulting in dozens of city-wide CSO events per year (Ward, 2004). The impact CSO events have 
on human health (Shuval, 2003), enhanced antibiotic resistance, (Edge and Hill, 2005; McLellan 
et al., 2007; Young et al., 2013), micropollutants (e.f. caffeine; Cantwell et al., 2018) and 
eutrophication (Turner and Rabalais, 1994; Nixon, 1995; Wang, 2006) has received considerable 
attention. However, whether these events are also a source of GHGs or alter GHG dynamics in 
the surrounding waterbody remains largely understudied and therefore unconstrained. 
Carbon dioxide (CO2), methane (CH4) and nitrous oxide (N2O) gas are produced in 
wastewater treatment plants (WWTP) largely because of treatment plant energy expenditures, 
anaerobic digestion and biological N removal processes (Hofman, 2011). WWTPs can account 
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for significant proportion of a city’s climate impact (Bogner et al., 2007; PlanNYC, 2017). 
Despite this, the actual emissions of WWTPs are largely unconstrained (Yoshida et al., 2014; 
Mannina et al., 2016) with process or mass-balance based models used to calculate total GHG 
emissions with few actual measurements conducted and fugitive emissions largely unaccounted 
for. Sewage inputs impact estuarine GHG dynamics; GHG concentrations are elevated following 
wet weather, when untreated sewage input is highest, compared to dry conditions at localized 
discharge sites (Ashlboul et al., 2016; Smith et al., 2016). The impact of CSO events on estuarine 
GHG concentrations is unstudied, but may have a large impact, especially during the “first” or 
“foul flush” in which the most concentrated pollutants are delivered during initial CSO discharge 
(Gupta and Saul, 1996; Betrand-Krajewski et al., 1998; Lee et al., 2002; Eaton et al., 2013). 
DIN from sewage inputs in estuarine ecosystems increases the biomass of primary producers 
(predominantly phytoplankton) in the water column (Turner and Rabalais, 1994; Tyler et al., 
2003; Howarth et al., 2006). C sourced from sewage inputs or phytoplankton degradation is 
typically more labile, or readily decomposable, compared to terrestrial C sources found in 
estuarine systems (Cole et al., 1988; Pertrone et al., 2009; Griffin and Raymond, 2011; Hosen et 
al., 2014; Williams et al., 2015; Lambert et al., 2017). In anaerobic systems, such as estuarine 
sediments or bordering soils, a readily available energy source would likely enhance respiration 
significantly (Reddy and Delaune, 2008; Vidon et al., 2010; Guenet et al., 2010; Bridgham et al. 
2013). Increased respiration leads to subsequent reduction in oxygen levels in both the water 
column and associated sediments (Howarth et al., 1988; Bianchi, 2011) in CSO delivery areas. 
Enhanced microbial activity could also deplete higher energy yielding alternative electron 
acceptors (EAs), resulting in greater levels of anaerobic respiration such as denitrification (EA; 
NO3-), sulfate reduction (EA; sulfate) and methanogenesis (EA; CO2 or acetate) (Hedin et al., 
9
1998; Conrad 1996; Whalen, 2005). For these reasons, the addition of DIN, DOC or another un-
accounted-for pollutant that enhances phytoplankton growth and subsequent turnover may 
indirectly enhance estuarine GHG production by ultimately enhancing heterotrophy.  
DOC, DIN, CH4 and CO2 data from surface waters and discharge in Flushing Bay (FB), NY 
are presented in chapter 3 to examine the impact CSO inputs have on estuarine GHG dynamics. 
The HRE, including FB, has historically experienced among the highest inputs of DOC and DIN 
worldwide (NYCDEP, 2009, 2011; Howarth et al., 2006). Surface samples were taken following 
periods of dry weather and wet weather at a CSO discharge, as well as a reference site located 
>1.5 km from any outfall. Additional samples were taken directly from CSO discharge during
rainfall. My objectives are to determine if (1) GHG concentrations, DOC and/or DIN are greater 
in surface waters following CSO flow, and if so to what extent spatial and temporally and (2) 
CSOs are a source of GHGs, DOC and DIN into surface waters. 
Impact of C and N inputs on GHG production from wetland soils and embayment sediments 
Anaerobic, water logged soils and sediments harbor a diverse consortium of microorganisms 
that regulate C and N cycling (Valiela and Teal, 1979; Howes et al., 1984; Blum et al., 2004; 
Barbier et al., 2011), with total microbial biomass estimated at ~104 cells per gram of soil in 
temperature wetland soils (Curtis et al., 2002). Given the diversity of microbe functionality 
(Benner et al., 1984; Liptzin and Silver, 2009), paired with the large microbial biomass, added 
labile C is likely to enhance CO2 and CH4 emissions through the degradation of added C and 
possibly affect the degradation rate of native organic C or “priming” (Jenkison et al., 1985; 
Blagodatskaya and Kuzyakov, 2008). In estuarine environments, sulfate reduction and 
methanogenesis are two significant metabolic pathways that are enhanced by low redox potential 
(Conrad, 1996). The ratio of CO2 to CH4 produced from tidal wetlands is positively correlated to 
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salinity due to the resupply of sulfate from ocean waters and the higher energy yield from sulfate 
reduction (CO2 byproduct) compared with methanogenesis (CO2 and CH4 byproducts) (Martens 
and Benner, 1974; Howarth and Teal, 1980; Oremland and Polcin, 1982; Conrad, 1996; 
Kristensen et al., 2008; Bartlett et al., 1987; Weston et al., 2011; Poffenbarger et al., 2011). 
However, sulfate reduction and methanogenesis have been shown to occur simultaneously in 
soils with high organic C or in experiments with C and/or N additions (Holmer and Kirstensen, 
1994; Kreuzwieser et al., 2003; Sutton-Grier et al., 2011; Chuang et al., 2016).  
In low redox soils, as compared with aerobic systems, facultative and obligate heterotrophic 
microbial communities utilize electron acceptors that yield less energy from the oxidation of 
organic C molecules for both anabolic and catabolic needs (Conrad, 1996; Megonigal and 
Schlesinger, 2002). These thermodynamic constraints result in reduced growth rates (Hedin et 
al., 1998) and low cellular demand for N. This is evident in the lower C to N ratios of organic 
matter in anaerobic wetland soils (10:1) compared with aerobic soils (~20 - 25:1) (Reddy and 
DeLaune, 2008). The activity of microbial communities are often limited by the availability of 
electron donors, typically labile C (not N) for energy (Alewell et al., 2008). The concentrations 
of electron acceptors such as nitrate (NO3-), iron, sulfate and CO2, are more likely to act as 
secondary controls on microbial activity when labile C is available (Vidon et al., 2010; Guenet et 
al., 2010; Kane et al., 2013). Although no investigation, to my knowledge, as determined the 
impact of C additions associated with sewage inputs on GHG production in temperate wetland 
soils or estuarine sediments there have been multiple studies investigating nutrient additions in 
anaerobic rice paddy soils. In all cases, C additions, typically rice straw, has resulted in sustained 
and enhanced production of both CO2 and CH4 (Conrad et al., 2012; Yuan et al., 2014; Ye et al., 
2015; Ye et al., 2016; Ye and Howarth, 2017). GHG enhancement was attributed to 
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mineralization of both the addition, as well as, native C, hypothesized to be caused by increased 
availability of labile C from turnover and exudates from microbes which consume the addition – 
mechanisms of priming presented by Guenot et al., (2010) and Bianchi (2011).  
Anthropogenic loading of inorganic N into coastal wetland systems has long been thought to 
alter both microbial and plant community structures by relieving natural N limitations (Chapin, 
1980; Bowen et al., 2009). Many studies have demonstrated that the productivity of saltwater 
macrophytes and benthic algae are limited by insufficient inorganic N (Valiela and Teal, 1974; 
Bertness et al., 2002; Deegan et al., 2007). N limitation in coastal wetlands is due, in part, by the 
low abundance of N-fixing microbes found in saline and brackish environments (Howarth, 1988; 
Crain, 2007). Long-term, on-site N fertilization studies have shown deleterious, cascading effects 
from added N in coastal wetlands including a reduction in macrophyte root biomass, a loss of 
organic matter due to enhanced microbial respiration, and a subsequent degradation of soil 
stability (Deegan et al., 2012). However, the impact of N additions in these conditions is 
potentially insignificant because of reduced N demand due to slow anaerobic growth mentioned 
previously and excess N already sourced from anthropogenic sources in urban estuaries 
(Galloway et al., 1995). 
GHG production rates from soil and sediment incubations experiments are presented here in 
chapter 4. The soil and sediments sampled are from Iona Island Marsh (II), Piermont Marsh 
(PM), Saw Mill Creek Marsh (SM) and Flushing Bay (FB). These sites were located across a 
salinity gradient with ranges of 0-6, 0-12, 17-27 and 20-28 mg L-1, respectively. In addition to 
the salinity gradient, these wetlands vary in their proximity to New York City (NYC). For 
example, FB and SM are both located within NYC but PM and II are located upriver receiving 
significantly less sewage inputs. My objectives are to determine if (1) C, N or C + N additions 
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enhanced GHG concentrations in a series of slurry incubations and (2) if these same additions 
altered the abundance of sulfate reducers or methanogens. These data will help elucidate if added 
C and/or inorganic N associated with sewage inputs inhibits the C storage capabilities of 
understudied urban wetlands.  
Role of microbes in anaerobic soils/sediments following C and N additions 
Specific biological mechanisms that dictate C cycling in anaerobic soils are unclear (Bianchi, 
2011). In coastal wetland soils, sulfate reduction and methanogenesis are the primary anaerobic 
pathways in C mineralization due largely to redox conditions combined with high sulfate 
concentrations that are naturally resupplied in ocean-influenced systems (Howarth and Teal, 
1980, Weston et al., 2011). The impact C and N additions have on microbial community 
composition, activity, and uptake of C and N (e.g., pool exchange) is relatively unknown 
(Markussen et al., 2018). These questions piqued my interest in this subject and informed my 
experimental designs. I initially intended to quantify alterations in methanogen (mcrA) and 
sulfate reducer (dsrAB) genes following sewage additions, but became focused on broader 
biogeochemical patterns at larger temporal and spatial scales as my research progressed. 
Addressing microbial population changes in the future would provide a better mechanistic 
understanding of C and N cycling in estuarine systems and ultimately help scientists model the 
impact sewage inputs have on urban estuaries. 
Taken together, these three inter-related studies serve to 1) better constrain GHG production 
from the HRE 2) investigate the effect of anthropogenic nutrient additions to estuarine waters, 
sediments and adjacent wetland soils and 3) measure the direct and potential indirect impact 
CSO events on GHG dynamics in urban embayments.  
13
CHAPTER 2: 
ANTHROPOGENIC INPUTS FROM A COASTAL MEGACITY ENHANCE GREENHOUSE 
GAS PRODUCTION IN THE SURRONDING ESTUARY 
Reproduced with permission from: Brian A. Brigham, Jeffrey A. Bird, Andrew R. Juhl, 
Christopher J. Zappa, Angel D. Montero and Gregory D. O’Mullan (2018). 
Key words: Methane, carbon dioxide, urbanization, estuaries, efflux, Hudson River Estuary, 
biogeochemistry, anthropogenic indicators and waste water 
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Abstract 
Coastal megacities deposit significant amounts of carbon (C), nitrogen (N) and other pollutants 
into surrounding waters. These inputs, including wastewater discharge and surface runoff, may 
affect estuarine biogeochemical cycles, microbial production and ultimately greenhouse gas 
(GHG) efflux. To better understand estuarine GHG production and connect to urban drivers, we 
quantified carbon dioxide (CO2) and methane (CH4) surface concentrations and efflux in 
combination with a suite of biogeochemical parameters including anthropogenic indicators. This 
study was conducted in the Hudson River Estuary (HRE) and adjacent waters surrounding New 
York, NY, USA (NYC) in a two-year period. The HRE was a source of both CO2 (35 ± 4 mmol 
CO2 m-2 day-1) and CH4 (191 ± 26 µmol CH4 m-2 day -1) under all measured conditions. Surface 
water salinity, oxygen saturation, fecal-indicator bacteria, nitrate concentrations and temperature 
best explained the variance in CO2 and CH4 concentrations in multiple regression analyses, 
producing robust predictive power for both GHGs. The greatest CO2 and CH4 surface water 
concentrations were found in wastewater delivery areas. Our multifaceted data set demonstrated 
that urban inputs enhance GHG concentrations in surrounding estuarine waters. Enhanced 
production was localized primarily in tributaries and embayments which are both difficult to 
measure and have historically received less attention by researchers. Consequently, estimates of 
GHG efflux from estuaries worldwide are likely to be significantly underestimated. 
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Introduction 
Estuaries are among the most biologically productive ecosystems in the world, serving as 
critical intermediaries between terrestrial and aquatic ecosystems and are important zones of 
biogeochemical activity (Bianchi, 2007a). While estuaries cover 0.2% of the Earth’s surface, 
they are estimated to have a disproportionally large impact on global greenhouse gas production, 
including approximately 0.5% of methane (CH4), 2-4% of nitrous oxide (N2O) and 2-5% of 
carbon dioxide (CO2) emissions (Borges and Abril, 2011; Murray, et al. 2015; IPCC, 2013). 
Despite their disproportionate potential impact on climate, research on estuarine greenhouse gas 
(GHG) efflux is sparse, resulting in poorly constrained estuarine GHG emission estimates 
(Bange, 2006). GHG fluxes are particularly unconstrained for estuaries that are urbanized, or 
otherwise anthropogenically impacted in ways that could enhance GHG production, such as 
agricultural runoff, wastewater discharges and land-use changes (Frankignoulle et al., 1998; 
Regnier, 2013a; Doney, 2010).   
Estuarine CO2 surface concentrations and efflux into the atmosphere are generally greatest 
“upstream” in proximity to tributaries that serve as carbon (C) and nitrogen (N) sources. 
Substantial seasonal variability, linked to the strong correlation between temperature and net 
heterotrophy, has also been observed across estuaries worldwide (Frankignoulle et al., 1998). 
Estuarine CO2 surface concentrations have been shown to be positively correlated to 
temperature, dissolved organic carbon (DOC) and chlorophyll-α concentrations, and negatively 
correlated with river flow and oxygen saturation (Borges and Abril, 2011). In addition to typical 
upstream/downstream trends, natural or anthropogenic inputs of labile C and other nutrients 
(e.g., sources of N and phosphorus [P]) can enhance microbial activity, stimulating CO2 
production via direct and indirect pathways (Turner and Rabalais, 1994).  
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Like CO2, CH4 concentrations are often greater in the “upstream” portion of estuaries 
(Middleburg et al., 2002). CH4 concentrations typically decrease with increasing estuarine 
salinity because sulfate carried with seawater increases competition between sulfate reducers and 
methanogens, limiting CH4 production in more saline waters (Bartlett et al., 1987; Capone and 
Kiene, 1988). Studies of estuaries with large urban and /or agricultural influences including the 
Scheldt, Pearl and Hudson River Estuaries demonstrated supersaturated concentrations of both 
CO2 and CH4 (Frankignoulle et al., 1998; Abril et al., 2000; Middleburg et al., 2002; Chen et al., 
2013). It has been assumed that anthropogenic disturbances in these systems enhance estuarine 
CO2 and CH4 efflux, however, few studies have made simultaneous measurements of both GHGs 
and indicators of anthropogenic influence to support this.  
In this study, CO2 and CH4 surface concentrations and efflux rates were quantified for the 
Hudson River Estuary (HRE). The HRE is a highly urbanized system that supports more than 12 
million people and experiences among the highest external anthropogenic dissolved organic C 
(DOC) and dissolved inorganic N (DIN) inputs to the surrounding estuary in the world (Howarth 
et al., 2006). Surface GHG concentrations were measured at mid-channel and in tributary sites. 
Including tributaries in the sampling design of this study is significant because tributaries, and 
tributary mixing zones, are typically sites of the largest natural and anthropogenic DOC and DIN 
inputs. Most prior studies have focused on mid-channel measurements, omitting potential 
hotspots of GHG production and anthropogenic alteration. In addition, the GHG measurements 
that were the core of this study were paired with measurements of a suite of anthropogenic 
indicators, providing one of the most comprehensive examinations of GHG dynamics in an 
urbanized estuary.  
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Comparing urbanized regions in the brackish (New York City [NYC]) and fresh (Albany) 
sections of the estuary to less developed regions allowed us to separate anthropogenic impacts 
from patterns of GHG surface concentrations and efflux that correlated to the salinity gradient. 
We hypothesized that CO2 and CH4 surface concentrations would be greatest near urban centers 
(Albany and NYC) compared to less-developed areas, regardless of salinity (H1). Furthermore, 
greatest CO2 and CH4 surface concentrations would be found in urban and upriver tributaries 
(H2). Finally, CO2 and CH4 surface concentrations in the HRE would positively correlate to 
indicators of anthropogenic loading, such as DOC, DIN and fecal indicator bacteria 
concentrations (H3).  
Materials and methods 
Site information 
The HRE is a partially mixed estuary with a moderate salinity gradient and vertical 
stratification (Geyer and Chant, 2006) that is within the state boundaries of New York and New 
Jersey (Fig. 1). It is tidal between the Battery (river kilometer [RK] 0 at the southern tip of 
Manhattan) to the Federal Dam at Troy, NY (RK 245). The salt front and estuarine turbidity 
maxima associated with it are typically located between Haverstraw Bay (RK 60) to West Point, 
NY (RK 85), largely dependent on river flow (Geyer and Chant, 2006). A stronger turbidity 
maximum is located in the zone (between 79th Street [RK 11] and the George Washington Bridge 
[RK 19]) of greatest salinity stratification (Bokuniewicz, 2006).  
The HRE has overlaying salinity and “urban” gradients with the most densely populated 
areas located at both the southern brackish (NYC) and northern fresh (Albany) termini. External 
inputs of DOC and DIN are split between upriver tributaries (42%) and wastewater effluent 
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(58%) (Howarth et al., 2006). In NYC alone, recent measurements show an average of 4.9 x 106 
m3 d-1 of treated and 1.9 x 105 m3 d-1 of untreated wastewater discharge (NYCDEP, 2016a) (Fig. 
2). In the saline portion of the HRE near NYC, wastewater entering the estuary from submerged 
sewage outfalls accounts for large external DOC (ca. 94 g C m-2 yr-1) and DIN (ca. 374 g N m-2 
yr-1) inputs. The N loading also enhances phytoplankton growth and turnover, ultimately leading 
to total DOC inputs estimated at ca. 944 g C m-2 yr-1 (Howarth et al., 2006). Sewage-derived 
DOC and DIN originating near NYC can likely be transported upriver by tidal action as far as 
the salt front (Brosnan et al., 2006) (Table S1). In addition to release into the HRE, NYC 
wastewater also discharges into Jamaica Bay, the East River and the Harlem River. These water 
bodies exchange with the Long Island Sound and the Atlantic Ocean, diluting and dispersing 
DOC and DIN inputs from NYC (Geyer and Chant, 2006).   
By contrast, the majority of external DOC and DIN input in the upper fresh HRE is sourced 
from tributaries, not wastewater (Howarth et al., 1996). These tributaries include the upper 
Hudson and Mohawk Rivers (RK >250) which account for 80% of freshwater input (flow rate 
2.9-4.8 m3 d-1) with the balance coming from smaller tributaries including the Kinderhook (RK 
120), Catskill (RK 113), Esopus (RK 102), Rondout/Wallkill (RK 92), Wappiner (RK 66) and 
Croton (RK 54) Rivers (Cooper et al., 1988). Wastewater inputs from smaller urban areas in this 
region including the Albany (6.3 x 105 m3 d-1), Kingston (1.8 x 104 m3 d-1), Poughkeepsie (2.3 
x104 m3 d-1) and Beacon/Newburgh (3.9 x104 m3 d-1) metro areas (USEPA, 2018b) provide 
additional sources of DOC and DIN. However, given that the cumulative discharge of these 
smaller metro areas is approximately 14% of the NYC discharge, the relative importance of 




In total, 17 mid-channel sites were sampled between the Battery (RK 0) and the Troy Bridge 
in Albany (RK 244), an average of approximately 15 km between stations. In addition, 9 
tributary and near shore sites in the freshwater region upstream and 5 sites in urban tributaries 
located near NYC were sampled (Tables S2 and S3). Sites were sampled in May-October of 
2013 (4X) and 2014 (6X) in coordination with monthly water quality surveys conducted by 
Riverkeeper (Table 1). The majority of measurements were made on surface water collected 
from the Riverkeeper patrol boat, R. Ian Fletcher. Surface water was pumped from the side of the 
boat at ~ 2 L per min to a Hydrolab DS5X sonde (Hach; Boulder, CO, US) and Mini-pro CO2  
 (Pro-Oceanus; Halifax, NS, CA) probe. The Hydrolab sonde measured conductivity, turbidity, 
temperature, oxygen saturation and chlorophyll fluorescence while on station (typically 8-10 
mins per site). The Mini-pro CO2 probe directly measured the partial pressure of CO2 or pCO2 
values every 2 seconds equating to >240 measurements for each station.  
Additional surface samples were collected to quantify CH4 (250 mL, n=3-5 per site, per 
cruise), fecal indicator bacteria (enterococci, 100 mL, n=1 per site, per cruise), as well as DOC 
and DIN (50 mL, n=1 per site, per cruise) surface concentrations. Samples for CH4 and 
enterococci were processed immediately on board while samples for DOC and DIN analyses 
were placed immediately on ice and then kept at -20°C (within 24 hours) until analyses. Actual 
(not the partial pressure) CH4 surface concentrations were determined using the extraction 
method detailed by McAuliffe (1974) that in brief, entails extracting CH4 from water samples 
(30 mL) in syringes flushed and filled with N2 gas (30 mL) followed by transfer and storage in 
12 mL pre-evacuated exetainers (Labco; Lampeter, UK). Within 96 hours all gas samples were 
injected (via sample loop) onto a 3-meter long molecular sieve column (Restek; Bellefonte, PA, 
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US) installed in a Hewlett-Packard 5890 Series plus II Gas Chromatograph (HP; Brielle, NJ, US) 
equipped with a flame ionization detector for analyses. CH4 concentrations of the initial water 
sample were determined using the ideal gas law. Fecal indicator bacteria, enterococci, were 
enumerated from surface samples within six hours of collection following USEPA guidelines as 
described in Young et al. (2013). DIN concentrations defined as nitrate (NO3-) plus ammonium 
(NH4+) of sample surface waters were determined using standard colorimetric assays 
(Weatherburn, 1967; Doane and Horwath, 2003) performed with a Synergy H1 plate reader 
(Biotek, Winoski, VT, US). Non-purgeable organic C (referred to hereafter as DOC, a technical 
near equivalent and more common usage) was determined by the high-temperature combustion 
method (APHA, 2005) with a TOC-V CSH analyzer (Shimadzu Inc., Kyoto, JP).  
Efflux calculations 
Efflux (F) was estimated using a simple model that assumes Fickian diffusion 
𝐹𝐹 =  𝑘𝑘 ∆𝐶𝐶 
where k is the gas transfer velocity and ∆C is the gas concentration difference across the air 
water interface (Liss and Slater, 1974). CH4 and pCO2 were measured in surface waters to 
determine their difference across the water-air interface. Henry’s law solubility was utilized to 
convert pCO2 to the concentration at the water surface in equilibrium with the air (Weiss, 1974). 
k is dependent upon wind speed, often as an exponential or squared function in most models, and 
the specific gas of interest. If the k is known for any particular gas, the k for other gases, in this 
case CH4 and CO2 can be calculated by the ratio of their respective Schmidt numbers. This 
number is the kinematic viscosity of water divided by diffusion constant for the gas(es) of 
interest which were procured from Wanninkhof (1992) and adjusted according to each sample’s 
salinity and temperature. The models utilized to calculate k were taken from five different 
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publications allowing efflux estimates to be evaluated in the context of physical conditions 
specific to the Hudson River Estuary (Raymond and Cole, 2001; Ho et al., 2011) as well as 
conditions more representative of open-ocean conditions (Ho et al., 2006; Nightengale et al., 
2000; Wanninkhof, 1992) which may not reflect actual conditions in the HRE but will allow 
comparisons to other estuarine studies which commonly use these models. 
Efflux calculations were determined for mid-channel sites only, which are located in the 
main shipping channel, and have average water depths of approximately 15 ± 5 meters. At 
shallower depths, bottom shear, tides, fetch and stratification, which were not measured in this 
study, are as important as wind speed to calculated efflux (Zappa et al., 2007). Therefore, 
tributaries and near-shore sites were excluded from efflux calculations. Wind speed data (scalar) 
were collected from a series of meteorological towers located in close proximity to Kingston, 
Beacon, and Scarborough, NY provided by WeatherFlow Inc. (Scotts Valley, CA, US). The 
tower heights are greater than 10 meters tall and collect data every 5 seconds. Additional wind 
speed data from Pier 84 and La Guardia Airport weather towers in NYC (provided by the 
Hudson River Environmental Consortium Observation System and the National Oceanic and 
Atmospheric Administration respectively) were used to validate data (not used for calculations) 
from the WeatherFlow towers. The three WeatherFlow towers provide both daily and weekly 
averaged wind speeds that were used to calculate daily and weekly CO2 and CH4 efflux from the 
mid-channel surface samples 
Analyses  
Potential connections between GHG efflux and urbanization were investigated in multiple 
regression analyses relating surface CO2 and CH4 concentrations from mid-channel sites to 
parameters measured in situ at the time of sample collection (i.e., conductivity, turbidity, 
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temperature, oxygen saturation, relative chlorophyll fluorescence, enterococci, NH4+ and NO3- 
concentrations) and to other available contextual data including rainfall, river flow (USGS, 
2018), historic enterococci geometric means per station (Riverkeeper, 2018) and modeled 
wastewater input (NYCDEP, 2016b). All data were transformed (square root) to ensure 
assumptions necessary for analysis of variance (ANOVA), regression analysis and Canonical 
Correlation Analysis (CCA) tests were met. For ANOVA analyses, data were binned into 4 
regions; brackish urban (NYC; RK 0-19), brackish sub/urban rural (RK 30-69), fresh sub/urban 
(RK 84-182) and fresh urban (Albany; RK 197-244) determined by salinity and wastewater 
discharge (Fig. 2) to reflect a priori expectations in GHG surface concentrations. Subsequently, 
CH4 and CO2 concentrations from tributary sites were compared to mid-channel sites (using 
Wilcoxon signed-rank tests) to assess whether tributaries were sources of elevated CH4 and CO2 
values observed in urban areas.  For regression analyses, data were binned only by salinity, with 
separate analyses for the brackish (Battery [RK 0] to Peekskill [RK 69]) and fresh (West Point 
[RK 84] to Troy [RK 244]) regions because exploratory analyses demonstrated that some 
underlying relationships were different in these two regions. All measured parameters and 
collected data were tested in multiple linear regression models (with CH4 and CO2 surface values 
separately) using both the Bayesian information criterion and Akaike information criterion to 
choose significant parameters for the final multiple linear regression models. Relationships 
between CO2 and CH4 surface value were visualized with CCA. All ANOVA, regression 
analyses and Wilcoxon tests were conducted with SYSTAT (v.13.0, Systat Software, San Jose, 
CA) while the CCA ordination was conducted with PC-ORD (v 6.0).  
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Results 
CH4 and CO2 surface values were elevated in urban areas 
Surface CH4 concentrations from mid-channel sites in the HRE ranged 65-660 nM during the 
sampling period (Fig. 3a). These concentrations were greatest in both the lower and upper 
termini of the HRE, corresponding to urbanized areas that receive high anthropogenic C and N 
inputs. Lowest CH4 concentrations were found in the mid estuary (RK 20-197) suburban/rural 
regions, regardless of salinity. These data created a U-shaped pattern of CH4 surface 
concentrations along the length of the estuary. A blocked ANOVA with region and month as 
grouping variables demonstrated significant differences in CH4 surface concentrations amongst 
regions (F3,125=12, p< 0.001), but not sampling months (F9,125=2, p=0.097) (Tables S4a and 
S4b). Brackish urban tributaries had enhanced CH4 surface concentrations ranging from 197-
5,672 nM (Fig. 4a). Average CH4 surface concentrations in brackish urban tributaries were 
significantly (U1=248, p<0.001) greater (approximately 3X) than neighboring mid-channel sites 
(Table S5). Enhanced (approximately 1.5X) CH4 surface concentrations were also found in 
upriver fresh suburban/rural tributaries compared to nearby mid-channel sites (Fig. 4b), though 
the relative enhancement of surface CH4 in these tributaries was lower than in urban tributaries. 
The pattern of surface pCO2 from mid-channel sites (spanning 460-1953 µatm) differed from 
those observed for CH4 (Fig. 3b). Greatest pCO2 values were observed in the lower estuary with 
the brackish urban, brackish suburban/rural, and fresh suburban/rural having significantly 
(F3,83=9, p<0.001) higher concentrations than those in the fresh urban region (Tables S4a and 
S4b). Additionally, sampling month, a factor in the ANOVA analysis, was significant (F5,83=9, 
p< 0.001) with the greatest average pCO2 surface values measured in August (1694 ± 28 µatm) 
and the lowest in May (749 ± 31 µatm). Surface pCO2 values were significantly enhanced 
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(~1.6X) in brackish urban tributaries compared to neighboring mid-channel sites (Fig. 4b; Table 
S5), though the enhancement of pCO2 in urban tributaries was lower than for CH4. 
Overall, surface values of CH4 and CO2 in the HRE exceeded atmospheric saturation 
concentrations (2 and 400 µatm, respectively) for almost all measurements (i.e., > 99% of sites 
and sampling dates). Measurements of CH4 and pCO2 from bottom waters (data not shown) were 
10-30% greater than surface values, suggesting that bottom sediments were the likely source of
both gases with little in-situ loss in the water column. 
Biogeochemical parameters largely explain variance in pCO2 and CH4 surface values 
Biogeochemical parameters quantified in this study were used to explain the variance in mid-
channel CH4 and pCO2 surface values in multiple regression models. Regional summaries of all 
measured mid-channel and tributary parameters are shown in Tables 2 and 3, respectively. In the 
brackish region, mid-channel surface CH4 concentrations were significantly (r2=0.41, F5,63=9, 
p<0.001) explained by variation in enterococci counts, salinity, chlorophyll-α values, oxygen 
saturation and temperature, however, the trend was not significant (r2=0.061) in the fresh region 
(Table S6). A CCA analysis using all mid-channel parameters demonstrated that sampling sites 
from each designated region grouped together in multivariate space whether analyzed in brackish 
and fresh regions (Figs. 5a and 5b) or over the entire estuary (data not shown). The variance in 
mid-channel pCO2 surface values was explained to an even larger degree than CH4 surface 
concentrations by enterococci, oxygen saturation, temperature, nitrate (brackish only) and river 
flow (fresh only) in both the brackish (r2=0.85, F4,37=52, p<0.001) and fresh (r2=0.89, F5,39=63, 
p<0.001) regions of the HRE (Table S7). Similarly, CCA demonstrated that sites grouped 
together in multivariate space by region (Figs. 5c and 5d) or across the entire estuary (data not 
shown). 
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CH4 and CO2 efflux 
The range of average CH4 efflux for sites in the HRE was 60-350 µmols CH4 m-2 day-1. The 
brackish urban region (322 ± 102 µmols CH4 m-2 day-1) had the greatest average efflux followed 
by fresh suburban/rural (224 ± 43 µmols CH4 m-2 day-1), brackish urban/rural (131 ± 18 µmols 
CH4 m-2 day-1) and urban fresh (118 ± 21 µmols CH4 m-2 day-1) regions (Table 4). This pattern 
differed from CH4 surface concentrations due primarily to the different wind speeds 
characteristic of each region. Similarly, the pattern of CH4 efflux varied monthly, due to high 
temporal variance in observed wind speeds, even though surface concentrations were not 
significantly different among months (Fig. S1a). Average CO2 efflux ranged 9-69 mmols CO2 m-
2 day-1. Similar CO2 efflux values were in the brackish urban (31 ± 6 mmols CO2 m-2 day-1), 
brackish suburban/urban (38 ± 7 mmols CO2 m-2 day-1) and fresh suburban/rural (44 ± 7 mmols 
CO2 m-2 day-1), with the lowest values in the fresh urban (13 ± 2 mmols CO2 m-2 day-1) regions 
of the HRE (Table 4). CO2 efflux values the fresh urban region, were generally lower in all 
months (Fig. S1b), similar to the CH4 efflux pattern. Efflux values from every site and sampling 
date are detailed in Tables S8 and S9.   
Discussion  
CH4 and pCO2 surface values were greatest in urban areas  
Consistent with H1 the greatest mid-channel CH4 concentrations were observed in close 
proximity to both NYC (brackish) and Albany (fresh) at opposite ends of the tidal HRE, which 
resulted in a U-shaped pattern (Fig. 1a; Table 4). In contrast, mid–channel pCO2 surface values 
were largely similar throughout the HRE with no significant differences among average values 
across the brackish urban, brackish suburban/rural and fresh suburban/rural regions. Elevated 
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surface concentrations of CH4 and CO2 in urban tributaries, compared to mid-channel sites 
supported H2. Each of these urban sites (tributaries and tidal straits) contain up to 50 sewage 
delivery sites and in combination they receive greater than 75% of NYC total wastewater and 
surface runoff (NYCDEP, 2009, 2011). The higher surface values of CH4 and CO2 quantified in 
these tributaries and tidal straits are likely the result of direct inputs of GHGs transported along 
with sewage discharges and indirect inputs via increased microbial production in response to 
DOC and DIN additions via wastewater input.  
Generally higher CH4 surface concentrations observed near Albany compared to fresh but 
less urbanized sites further south, together with the high CH4 concentrations observed around 
NYC, also suggested that elevated CH4 surface concentrations were at least partly due to urban 
inputs, not solely to the inhibition of CH4 oxidation. Similar conclusions about the importance of 
urban inputs in CH4 concentrations have been described previously in the lower HRE (de 
Angelis and Scranton, 1993) and elsewhere (Abril and Iversen, 2002b). The magnitude of mid-
channel CH4 surface concentrations observed here were similar to those reported by de Angelis 
and Scranton (1993) but 2X less than those reported by Hammond et al. (1977). Decreases in 
mid channel CH4 concentrations since Hammond et al. (1977) likely reflect the decline in 
anthropogenic inputs that occurred during the intervening years (Brosnan et al., 2006).  
Wastewater inputs may enhance methanogenesis, despite the brackish salinity around NYC, 
by providing organic C, plus N, P and other potentially limiting nutrients to fuel high 
heterotrophic activity. With sufficient substrates, microbial activity would ultimately deplete 
oxygen and sulfate and provide non-competitive secondary substances (e.g., methylamines) 
exclusively available to methanogens (Borges and Abril, 2011), resulting in greater 
methanogenesis than would be predicted based on salinity alone. This anthropogenic 
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enhancement of methanogenesis may be common in urbanized estuaries (Burgos et al., 2015). 
pCO2 enhancement along the HRE could also be related to N and P additions from wastewater 
and agricultural inputs, which would increase water column primary productivity (predominantly 
phytoplankton) and subsequent decomposition (Howarth et al., 2006; Tyler et al., 2003). DOC 
from wastewater could further enhance heterotrophic microbial activity (Borges and Abril, 
2011). 
pCO2 surface values were strongly linked to multiple biogeochemical parameters 
Our combined CH4, CO2, and biogeochemical data enabled regression analyses relating GHG 
surface concentrations to anthropogenic indicators (e.g., enterococci) supporting H3 and 
allowing us to test the connection that has been speculated to exist in earlier publications. Here, 
we provide the needed data that supports the link between urban wastewater input to enhanced 
CH4 and CO2 efflux. Multiple linear regression analyses demonstrated that enterococci and NO3- 
concentrations (two indicators of anthropogenic inputs), as well as oxygen saturation (indicating 
the balance between net autotrophic and heterotrophic activity) and temperature (a driver of 
microbial rates) explained the majority of the variance of CH4 and pCO2 surface values in 
brackish surface waters. Anthropogenic indicators, however, did not explain variation in GHG 
surface concentrations in the fresh region of the HRE. Rather, surface pCO2 values in fresh 
waters were positively correlated to oxygen saturation, river discharge and temperature. In fact, 
the lowest pCO2 surface values in the HRE were observed in Albany (for all sampling periods) at 
the fresh terminus of the HRE. This pattern suggests either that the urban impacts on estuarine 
CO2 production are not significant in fresh waters, or that primary production exceeded 
heterotrophic activity in this region. Higher net autotrophy near Albany is a possibility, given 
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that turbidity in this region is relatively low while turbidity often limits photosynthesis in the in 
the mid and lower HRE (Cole and Caraco, 2006). 
In an earlier HRE study the highest pCO2 values were observed in the fresh water terminus 
(Raymond et al., 1997), which was theorized to be associated with the heterotrophic 
consumption of DOC input from terrestrial surface runoff (Cole and Caraco, 2001; McCallister 
et al., 2004). The reasons for the difference in pCO2 patterns between the earlier study and our 
own may be explained by the relatively low river flow (50% compared to our study) that 
occurred during the Raymond et al. (1997) study (USGS, 2018). Lower river flow would 
increase residence time and potentially enhance heterotrophy. Although spatial patterns differed, 
the magnitude of pCO2 surface values observed here were similar to previous studies conducted 
in the brackish (Griffith and Raymond, 2011) and fresh HRE (Raymond et al., 1997; Cole and 
Caraco, 2001). Like those studies, highest pCO2 values were observed in the summer (June–
September), which were partially explained by temperature in multiple regression models, with 
lowest values observed in the spring (no fall or winter measurements were taken here). 
Many additional patterns described in previous HRE studies were also observed in these data, 
including: the salinity front (<0.5 psu) extending upriver as far as West Point, NY, depending on 
river flow (Geyer and Chant, 2006); a weak, though significant, relationship between DOC 
concentration and river mile (Cole and Corraco, 2001; del Giorgio and Pace, 2008); and a lack of 
correlation between chlorophyll-α values and surface pCO2 or other parameters (% oxygen 
saturation and turbidity) associated with photosynthesis (Raymond et al., 1997). In addition, 
samples from tidal tributaries demonstrated an average 10X enhancement of enterococci 
compared to mid-channel samples from the same region (Riverkeeper, 2018). 
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The entire HRE was a source of both CO2 and CH4 
The vast majority (>99%) of CH4 and CO2 surface measurements, including all mid-channel 
measurements, showed supersaturation. The HRE was thus a source of GHG to the atmosphere 
in all locations and times. The range of CO2 efflux values from mid-channel sites (1.0-195.7 
mmol CO2 m-2 day-1; average 34.8 ± 3.6 mmol CO2 m-2 day-1) quantified for the HRE was 
similar to those reported by Raymond et al. (1997) while the range of CH4 efflux values (-5.2-
1370.4 µmol CH4 m-2 day-1; average 190.8 ± 26.0 µmol CH4 m-2 day-1) was approximately 0.5X 
lower than those reported by de Angelis and Scranton (1993). Overall, CH4 and pCO2 values for 
the HRE (Table 6) are consistent with those reported for estuaries worldwide (Borges and Abril, 
2011), supporting the conclusion that most estuaries are net heterotrophic and sources of GHG. 
Using average values for each region, we calculated that the tidal HRE annually releases 326 
metric tons (MT) of CH4 and 184,947 MT of CO2, or a total of 207,380 MT CO2 equivalents. 
This represents 8.0% of NYC’s reported waste water treatment GHG footprint (PlanNYC, 2017) 
and demonstrates the large impact of urban inputs. However, this estimate of total GHG efflux 
was based only on mid-channel data. Given higher surface GHG concentrations in tributaries, 
especially urban tributaries, our total efflux value (as well as estimated efflux in most other 
studies) are likely an underestimate. For example, a large area fraction (34%) of the HRE is 
shallow (<10 feet) and these shallow areas receive the largest delivery of both urban and 
terrestrial inputs (Levinton and Waldman, 2006) and had the highest GHG surface 
concentrations.  
Efflux estimates vary with wind speed 
GHG efflux calculations in estuarine systems are characterized by significant uncertainties, 
which have led to large ranges in reported worldwide values (Raymond and Cole, 2001; Zappa et 
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al., 2003; Borges and Abril, 2011). Efflux is dependent on the concentration difference between 
the surface and atmosphere of each gas as well as the turbulence mediated transfer (or gas 
transfer velocity) as dictated by physical conditions (Wanninkhof et al., 1993). In the open 
ocean, the gas transfer velocity is dependent largely on wind speed (Wanninkhof, 1992). 
However, in estuaries bottom friction (shear) may alter turbulence (and subsequent transfer of 
gas) in combination with wind speed, each of which will be complicated by tidal currents, water 
depth, and stratification (Zappa et al., 2003).  
In our study we did not attempt to select the “best” gas transfer velocity model, but instead 
attempt to highlight the importance of differing assumptions in the existing models. We utilized 
five models, two of which were tested and validated for the HRE (Ho et al., 2011; Raymond and 
Cole, 2001) along with three models developed for the open ocean (Ho et al., 2006; Wanninkhof, 
1992; Nightengale et al., 2000). We used both daily and weekly wind speeds from a series of 
three towers with meteorological equipment above 10 meters to calculate gas transfer velocity 
values. The accuracy of these values is critical (while GHG surface concentrations are less so) as 
wind speed is typically utilized in a power or log function to ultimately determine efflux. Our 
methodology established potential ranges of CH4 and CO2 efflux rather than attempting to select 
a single model or gas transfer velocity value. To determine accurate efflux values, 
comprehensive spatial coverage of wind speed (at each measurement site) would be the most 
critical factor while greater temporal coverage to better quantify variation in GHG surface 
concentrations would also be important. These improvements would reduce the uncertainties 
seen here and in other studies used to estimate worldwide estuarine efflux values of GHGs 
(Borges and Abril, 2011). 
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Hotspots and hot moments enhance production estimates and add measurement uncertainties 
These results build upon those reported by Griffith and Raymond (2011) where net 
heterotrophy in the saline HRE was found to be dictated predominantly by available DOC from 
anthropogenic inputs, with aged terrestrial sources and phytoplankton contributing less DOC to 
both CO2 (and likely CH4) efflux. Our data illustrates that the higher baseline of GHG production 
demonstrated in urban areas is due to enhanced DOC and DIN loading from terrestrial sources. 
The nature of anthropogenic inputs in the HRE which are delivered by submerged outfalls that 
flow following both sewage treatment and precipitation events (Ward, 2004) likely lead to both 
“hotspots” and “hot moments” of microbial activity (McClain et al., 2003). The majority of 
heterotrophy in anaerobic soils/sediments is often restricted to only these “hot moments” (Guenet 
et al., 2010). Data focused on the impacts of anthropogenic (and natural) inputs in relevant 
spatial and temporal scales are critically important areas for future study. In addition, we did not 
measure N2O, a GHG with 298X warming potential compared with CO2 over a 100-year period 
(Ciais et al., 2013). Quantifying N2O is of major import for estuaries as denitrification 
contributions may be a very significant GHG source in urban estuaries and surrounding wetlands 
because of high anthropogenic NO3- inputs in estuaries worldwide (Schlesinger, 2009; Doney, 
2010).   
Conclusions 
The HRE was a source of both CH4 and CO2 throughout the sampling season with the 
highest surface water concentrations observed in urbanized regions, notably the major 
sewage delivery areas of NYC. This comprehensive study was unique in that it linked GHG 
surface values to anthropogenic indictors supporting prior claims that urban influence could 
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enhance GHG production from estuaries (Borges and Abril, 2011). The urban influence on 
estuarine GHG production has rarely been demonstrated from prior field measurements (Burgos 
et al., 2015). Enhanced production via urban inputs is both difficult to measure and likely occurs 
in areas such as tributaries and embayments that have historically received less research 
attention. Consequently, GHG release from estuaries is significantly underestimated, especially 
in areas receiving major anthropogenic inputs, including urban sewage. To understand the 
ultimate fate of urban DOC and DIN additions and gain better insight to mechanisms that control 
GHG effluxes, isotopic measurements similar to the methodology presented by Griffith and 
Raymond (2011) would be effective.  
Our study demonstrates that multiple regression models can explain a very high percentage 
of the variability in pCO2 and CH4 surface values. Moreover, the parameters used for these 
models are relatively simple to measure. More robust measurements including complete diel and 
seasonal cycle sampling as well as expanded testing in other estuaries (urban and otherwise) 
could assist with model validation. Using such models, the need for relatively expensive and 
time consuming GHG measurements decreases, which would facilitate GHG flux estimates from 
estuaries, especially those located in the undeveloped world (Borges and Abril, 2011). Our data 
demonstrates that inputs from a coastal megacity enhances greenhouse gas concentrations in 
estuarine receiving waters. Multifactor data sets like this one provides greater insight into the 
processes that dictate urban estuarine GHG dynamics imparting scientists and managers with 
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Table 1. Sampling dates 
No. Year Month Day Sites 
visited 
1 2013 July 17-21 All 
2 2013 August 14-15 Half 
3 2013 September 18-21 All 
4 2013 October 16-17 Half 
5 2014 May 12-16 All 
6 2014 June 12-16 All 
7 2014 July 07-11 All 
8 2014 August 11-13 Half 
9 2014 September 07-11 All 
10 2014 October 12-17 All 
”All” indicates that we sampled each site  
“Half “indicates we sampled the brackish (river kilometer 
 [RK] 0-69) only 
Table 2. Mid-channel surface sample measurements 
Surface measurements 










1 309 (20) 1203 (74) 12 (004) 2.6 (0.1) 0.4 (0.0) 
2 182 0(8) 1187 (75) 6 (002) 2.9 (0.1) 0.4 (0.0) 
3 217 (15) 1327 (51) 52 (039) 3.3 (0.1) 0.5 (0.0) 











1 21.4 (0.7) 15.2 (1.1) 87.8 (2.1) 23.3 (4.3) 5.7 (1.3) 
2 23.0 (0.6) 5.5 (0.5) 91.8 (1.4) 19.0 (1.4) 8.3 (1.1) 
3 21.9 (0.6) 0.2 (0.0) 91.2 (1.1) 30.7 (2.9) 3.7 (0.5) 
4 21.7 (0.8) 0.1 (0.0) 101.0 (1.5) 33.6 (6.4) 2.1 (0.4) 
Parameters include methane (CH4) concentrations, carbon dioxide (pCO2) values, dissolved organic 
carbon (DOC), nitrate (NO3-), oxygen (O2) saturation and chlorophyll-α (Chloro-α) 
Ammonium (NH4+) concentrations were below the limit of detection (<0.15 ppm) 
Values in parenthesis are standard errors 
aThe Hudson River was divided into four regions; region 1 (brackish urban, river kilometer [RK] 0-19), 
region 2 (brackish suburban/rural, RK 30-69), region 3 (fresh suburban/rural, RK 84-182) and region 4 
(fresh urban, RK 197-245) to bin data by both salinity and anthropogenic input 
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Table 3. Tributary surface sample measurements 
Surface measurements 










1 309 (20) 1203 (74) 12 (004) 2.6 (0.1) 0.4 (0.0) 











1 21.4 (0.7) 15.2 (1.1) 87.8 (2.1) 23.3 (4.3) 5.7 (1.3) 
3 21.9 (0.6) 0.2 (0.0) 91.2 (1.1) 30.7 (2.9) 3.7 (0.5) 
Parameters include methane (CH4) concentrations, carbon dioxide (pCO2) values, dissolved organic 
carbon (DOC), nitrate (NO3-), oxygen (O2) saturation and chlorophyll-α (Chloro-α) 
Ammonium (NH4+) concentrations were below the limit of detection (<0.15 ppm) 
Values in parenthesis are standard errors 
aThe Hudson River was divided into four regions; region 1 (brackish urban, river kilometer [RK] 0-19),  
region 2 (brackish suburban/rural, RK 30-69), region 3 (fresh suburban/rural, RK 84-182) and region 4 
(fresh urban, RK 197-245) to bin data by both salinity and anthropogenic input. Regions 2 and 4 had no 
accessible tributaries – data from the near-shore sites were not used for analysis and can be found in 
Table S10 
Table 4. CH4 and CO2 efflux from the Hudson River Estuary 
















1 000 - 020 027 322 (102) 031 0(6) 39 0(7) 017 0(3) 
2 020 - 069 124 224 0(43) 038 0(7) 44 0(7) 087 (14)
3 069 - 197 130 132 0(28) 044 0(7) 47 0(7) 099 (15)
4 197 - 245 019 118 0(21) 013 0(2) 16 0(2) 005 0(1) 
Total 000 - 245 300 796 (116) 126 (12) 146 (12) 207 (21)
Values in parenthesis are the standard error of mean 
MKT represents metric kilotons 
aThe Hudson River was divided into four regions; region 1 (brackish urban, river kilometer [RK] 0-19),  
region 2 (brackish suburban/rural, RK 30-69), region 3 (fresh suburban/rural, RK 84-182) and region 4 
(fresh urban, RK 197-245) to bin data by both salinity and anthropogenic input 
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Figure 1. Tidal Hudson River Estuary map
Map detailing the �dal Hudson River Estuary (HRE) and the loca�on of each 
mid-channel, (n=17) tributary (n=7) and near-shore sites (n=5) in rela�on to 
New York City (NYC) and Albany. NYC is located at the ocean terminus and 
Albany is located at the upriver terminus of the �dal HRE. NY represents 
New York State, NJ represents New Jersey, CT represents Connec�cut, MA 
represents Massachuse�s, and RK represents river kilometer distance from 
the Ba�ery, NYC. 
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Figure 2. WWTP flow for Hudson River Estuary regions
Distribu�on of wastewater treatment plant (WWTP) flow normalized to surface area for each 
region of the Hudson River Estuary (HRE) including; brackish urban (New York City [NYC], river 
kilometer [RK] 0-19), brackish suburban/rural (RK 30-69), fresh suburban/rural (RK 84-182) and 
fresh urban (Albany, RK 197-244). Daily WWTP flows are es�mated from data available by 
United States Environmental Protec�on Agency (2018a).
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Figure 3. Hudson River Estuary GHG surface concentra�ons
Graphs illustrates average (a) methane (CH₄) and (b) carbon dioxide (pCO₂) 
surface values measured at mid-channel sites throughout the �dal Hudson 
River Estuary (HRE). CH₄ concentra�ons were significantly greater at both 
the fresh and brackish terminus of the estuary. Error bars are standard error 
of the mean. For analysis the HRE was divided into 4 regions represented by 
the dash bar parallel to the a-axis including; brackish urban (New York City 
[NYC], river kilometer [RK] 0-19), brackish suburban/rural (RK 30-69), fresh 
suburban/rural (RK 84-182) and fresh urban (Albany, RK 197-244).
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Figure 4. Mid-channel vs. tributary CH₄ and pCO₂ comparison
Graphs illustrates comparison of average mid-channel to tributary methane 
(CH₄) and carbon dioxide (pCO₂) surface values for the (a) brackish urban 
region surrounding New York City (NYC) between river kilometer (RK) 0-19 
and (b) the fresh suburban/rural region located between RK 84-175. In both 
regions at least three mid-channel and tributaries sites were u�lized to 
calculate average concentra�ons. Brackish suburban/rural (RK 30-69) and 
fresh urban (RK 197-244) regions lack a substan�al number (n≤1) of tribu-
taries to make similar comparisons. Error bars are standard error of the 
mean.
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Figure 5. CCA analyses
Canonical correla�on analyses (CCA) analyses of CH₄ and pCO₂ surface values to biogeochemical 
parameters in the Hudson River Estuary (HRE). Analyses includes; (a) CH₄ surface concentra�ons 
in the brackish (river kilometer [RK] 0-69) HRE, (b) CH₄ surface concentra�ons in the fresh (RK 
84-244) HRE, (c) pCO₂ surface values in the brackish (RK 0-69) HRE and (d) pCO₂ surface values in
the fresh (RK 84-244) HRE. Data illustrates similari�es in correla�ons between greenhouse gas
(GHG) concentra�ons and biogeochemical parameters for sampling sites (i.e. sites within each
region group together in mul�variate space). Error bars are standard error of the mean.
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Croton River 54 41.184 -73.879 8.1E+05 2
Wappiner Creek 107 41.582 -73.947 6.5E+05 3
Rondout & Wallkill Creeksb 148 41.922 -73.966 2.7E+06 3
Esopus Creek 164 42.071 -73.930 9.0E+05 3
Catskill Creek 181 42.208 -73.854 NM 3
Kinderhook Creek 194 42.308 -73.772 8.2E+05 3
Upper Hudson & Mohawk Riversb 245 42.752 -73.687 2.9E+07 4
WWTP
Oakwood Beach (NYH) 0 40.548 -74.112 9.9E+04 1
Port Richmond (Kill Van Kull) 0 40.637 -74.125 1.0E+05 1
Owls Head (NYH) 0 40.644 -74.038 3.5E+05 1
Red Hook (East River) 0 40.706 -73.984 1.0E+05 1
Newtown Creek (East River) 0 40.731 -73.946 8.0E+05 1
Bowery Bay (East River) 0 40.778 -73.895 3.8E+05 1
Wards Island (East River) 0 40.787 -73.928 7.7E+05 1
Tallman Island (East River) 0 40.794 -73.840 2.2E+05 1
Hunts Point (East River) 0 40.805 -73.885 4.7E+05 1
North Hudson - Adams Street 8 40.754 -74.021 4.6E+04 1
North Hudson - River Road 11 40.788 -74.000 3.5E+04 1
North Bergen MUA  Woodcliff 11 40.792 -73.999 1.2E+04 1
Bergen - Edgewater MUA 12 40.812 -73.979 1.3E+04 1
North River 13 40.821 -73.958 4.2E+05 1
Yonkers 28 40.910 -73.892 2.9E+05 1
Orangetown 42 41.039 -73.946 3.0E+04 2
Rockland 42 41.042 -73.943 6.1E+04 2
Carmel (Croton River) 50 41.416 -73.670 2.7E+03 2
Brewster (Croton River) 50 41.392 -73.619 4.9E+02 2
Yorktown (Croton River) 50 41.283 -73.774 4.9E+03 2
Ossining 55 41.153 -73.874 1.6E+04 2
Haverstraw 63 41.214 -73.964 1.5E+04 2
Stony Point 65 41.222 -73.966 2.7E+03 2
Buchanan 68 41.273 -73.942 1.0E+03 3
Peekskill 71 41.300 -73.930 2.5E+04 3
Highland Falls 81 41.371 -73.965 2.8E+03 3
West Point 85 41.378 -73.964 6.0E+03 3
Cold Spring 87 41.421 -73.964 8.4E+02 3
Cornwall 92 41.453 -74.020 2.7E+03 3
Newburgh 95 41.494 -74.008 2.8E+04 3
Beacon 96 41.496 -73.982 1.1E+04 3
Titusville (Wappinger Creek) 107 41.686 -73.867 1.1E+03 3
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Millbrook (Wappinger Creek) 107 41.788 -73.697 5.3E+02 3
Marlboro 110 41.604 -73.965 4.2E+02 3
Tri-Municipal 110 41.606 -73.937 5.6E+03 3
Arlington 115 41.649 -73.942 8.8E+03 3
Poughkeepsie 122 41.714 -73.938 2.3E+04 3
Lloyd Highland 123 41.718 -73.951 2.9E+03 3
Sussex (Wallkill River) 148 41.147 -74.592 5.2E+03 3
Warwick (Wallkill River) 148 41.255 -74.373 2.6E+03 3
Goshen (Wallkill River) 148 41.402 -74.353 4.3E+03 3
Middletown (Wallkill River) 148 41.427 -74.422 1.7E+04 3
Wallkill (Wallkill River) 148 41.464 -74.369 9.5E+03 3
Shawangunk (Wallkill River) 148 41.633 -74.189 1.3E+03 3
New Paltz (Wallkill River) 148 41.753 -74.091 3.4E+03 3
Walden (Wallkill River) 148 41.528 -74.242 4.7E+03 3
Kingston 148 41.920 -73.979 1.8E+04 3
Saugerties – Glasco 158 42.040 -73.942 6.8E+02 3
Ulster (Esopus Creek) 164 41.965 -74.006 3.3E+03 3
Saugerties – Dublin (Esopus Creek) 164 42.075 -73.945 2.4E+03 3
Catskill 181 42.212 -73.854 3.0E+03 3
Hudson 187 42.259 -73.793 7.5E+03 3
Athens 188 42.263 -73.803 8.0E+02 3
Greenport (Stockport Creek) 194 42.258 -73.756 2.4E+03 3
Coxsackie 199 42.349 -73.792 2.9E+03 4
Coeymans 213 42.466 -73.787 1.9E+03 4
Castleton 221 42.540 -73.755 5.3E+02 4
Cedar Hill 221 42.543 -73.764 1.3E+04 4
Nott Rd (Norman’s Kill) 229 42.680 -73.908 6.7E+03 4
Greenbush 231 42.627 -73.753 6.0E+03 4
Albany South 231 42.630 -73.760 8.1E+04 4
Rensselaer 239 42.683 -73.713 7.1E+04 4
Albany North 239 42.690 -73.724 7.3E+04 4
Waterford (Upper Hudson River) 245 42.788 -73.685 3.1E+03 4
Saratoga (Upper Hudson River) 245 42.882 -73.683 5.2E+04 4
Colonie (Mohawk River) 245 42.791 -73.779 1.3E+04 4
Flow is an average of 5 years (USGS) for tributaries and modeled estimates (EPA) for WWTPs
Sites where flow wasn't measured are marked (NM)
aThe Hudson River was divided into four regions, (1) urban brackish (New York City [NYC]; river 
kilometer [RK] 0-19), (2) brackish suburban/rural (RK 30-69), (3) fresh suburban/rural (RK 84-182)
and (4) fresh urban (Albany; RK 197-244)












































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































Table S4. ANOVA summary for mid-channel CH4 and p CO2  values
A - ANOVA Summary
GHG gas surface values
F p
CH 4 surface conc.
Regiona 3 12 <0.001
Month 9 2 0.097
Error 125
pCO 2 surface value
Regiona 3 9 <0.001
Month 5 12 <0.001
Error 83
B - Post-hoc Tukey analysis







July, 2013 a -
August, 2013 a -
a -
October, 2013 a -
May, 2014 a a
June, 2014 a b
July, 2014 a b
August, 2014 a c
September, 2014 a b
October, 2014 a b
df  represents degrees of freedom, F  represents the F  value, 
p  represents probability,  and NS is indicated for p  > 0.1,   
GHG represents greenhouse gas, CH4 represents methane
and p CO2 represents carbon dioxide
For post-hoc Tukey analyses all regions and months are
organized into groups  (i.e. "a") for all GHG surface values in 
which the means were not significantly (p  > 0.05) different
from one another
p CO2 surface values were not measured in 2013 (see Table 3) 




brackish (New York City [NYC]; river kilometer [RK] 0-19), (2) 
brackish suburban/rural (RK 30-69), (3) fresh suburban/rural 
(RK 84-182) and (4) fresh urban (Albany; RK 197-244)
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Table S5. Wilcoxon test summary comparing mid-channel and tributary sites
U p
CH 4 surface conc.
Regiona 1 248 <0.001
Regiona 3 188 <0.001
pCO 2 surface values
Regiona 1 78 <0.001
Regiona 3 377 0.015
Tests were performed for regions 1 and 3, Regions 2 
and 4 were not analyzed due to lack of tributary sites 
for comparison
U  represents the Mann-Whitney U Test, p represents
probability CH4 represents methane, p CO2 represents
 carbon dioxide and  NS is indicated for p  > 0.1.  
aThe Hudson River was divided into four regions, (1)
urban brackish (New York City [NYC]; river kilometer
[RK] 0-19), (2) brackish suburban/rural (RK 30-69), (3)
fresh suburban/rural (RK 84-182) and (4) fresh urban 
(Albany; RK 197-244)
Effects Greenhouse gas 
surface values
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Table S6. CH4 multiple regression models
A - Brackish CH4 multiple regression
Regression coefficients
Brackish CH 4  multiple regression
Coefficient t p
Constant -4.3 -2 0.058
Enterococci 0.1 3 0.010
Salinity 0.4 6 <0.001
Chlorophyll-α -0.2 -3 0.002
Oxygen saturation 0.5 3 0.015
Temperature 0.4 3 0.014
Analysis of variance
Brackish CH 4  multiple regression
df F p
Regression 5 9 <0.001
Residual 63
B - Fresh CH4 multiple regression
Regression coefficients 
Fresh CH 4  multiple regression
Coefficient t p
Constant -0.5 0 0.759
Oxygen saturation 0.3 2 0.068
Analysis of Variance
Fresh CH 4  multiple regression
df F p
Regression 1 3 0.068
Residual 60
Multiple regression analysis summary to quantify methane 
(CH4) surface concentrations explained by biogeochemical 
parametersin both (A) brackish and (B) fresh waters of the 
Hudson River
Multiple regression analyses had multiple coefficients 
of determination (r2) of 0.41 and 0.06, respectively
df  represents, degrees of freedom, t  represents the t-value,






Table S7. p CO2 multiple regression models
A - Brackish p CO2 multiple regression
Regression coefficients
Brackish pCO 2  multiple regression
Coefficient t p
Constant 90.9 7 <0.001
Enterococci 0.6 2 0.038
Oxygen saturation -9.0 -9 <0.001
Temperature 4.6 5 <0.001
Nitrate (NO3
-) 11.1 2 0.022
Analysis of variance
Brackish pCO 2  multiple regression
df F p
Regression 4 52 <0.001
Residual 37
B - Fresh p CO2 multiple regression
Regression coefficients 
Fresh pCO 2  multiple regression
Coefficient t p
Constant 127.6 11 <0.001
Enterococci 0.1 2 0.075
Oxygen saturation -11.4 -12 <0.001
Discharge 0.0 3 0.011
Temperature 3.6 4 <0.001
Historic enter. geomeans -0.4 -3 0.015
Analysis of variance
Fresh pCO 2  multiple regression
df F p
Regression 5 63 <0.001
Residual 39
Multiple regression analysis summary to quantify carbon dioxide 
(p CO2) surface values explained by biogeochemical parameters
 in both (A) brackish and (B) fresh waters of the Hudson River
Multiple regression analyses had multiple coefficients 
of determination of 0.89 and 0.85, respectively
df  represents, degrees of freedom, t  represents the t-value, F 









































































































































































































































































































































































































































































































































































































































































































































































































































































   
   
   
   
   
   
   
   
   
   
   
   
   











































   
   
   
   
   
   
   





























































   


















































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































   
   
   
   
   
   
   





















































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































Figure S1. Hudson River Estuary CH₄ efflux 
Graph illustrates range of methane (CH₄) efflux values for (a) May, (b) June, (c) July, 
(d) August, (e) September, and (f) October 2014 sampling season from mid-channel
sites across the Hudson River Estuary (HRE). Box plots incorporate calculated efflux
values from 5 models using average daily wind speed to determine the gas transfer
velocity (Ho et al., 2006; Ho et al., 20011; Raymond & Cole, 2001; Nigh�ngale et al.,
2000; Wanninkhof 1992).
60
Figure S2. Hudson River Estuary CO₂ efflux 
Graph illustrates range of carbon dioxide (CO₂) efflux for (a) May, (b) June, (c) July, 
(d) August, (e) September, and (f) October 2014 sampling season from mid-channel 
sites across the Hudson River Estuary (HRE). Box plots incorporate calculated efflux 
values from 5 models using average daily wind speed to determine the gas transfer 
velocity (Ho et al., 2006; Ho et al., 2011; Raymond & Cole, 2001; Nigh�ngale et al., 
2000; Wanninkhof 1992).  61
CHAPTER 3: 
UNTREATED WASTEWATER SATURATES LOCAL EMBAYMENTS WITH 
POLLUANTS SUPPORTING SUSTAINED AND ENHANCED GRENHOUSE GAS 
PRODUCTION 
Reproduced with permission from: Brian A. Brigham, Angel D. Montero, Jeffrey A. Bird and 
Gregory D. O’Mullan (2018). 
Key words: Wastewater, combined sewage overflow, methane, carbon dioxide, Flushing Bay 
and urban estuaries 
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Abstract 
The impact of untreated sewage and urban runoff on greenhouse gas (GHG) dynamics in 
estuaries is relatively unknown and poorly constrained. In many coastal megacities, stormwater 
and sanitary sewage systems are combined, resulting in combined sewage overflow (CSO) 
following precipitation. In Flushing Bay (FB), New York, NY we found that CSO discharge was 
a source of organic carbon, nitrogen, methane (CH4) and carbon dioxide (CO2), as well as fecal 
indicator bacteria (FIB) into surrounding waters. However, except for FIBs, the concentrations of 
these analytes in surface waters were not significantly different following dry or wet weather. 
This is likely due to persistent deposition from CSOs and the enhanced microbial production 
from embayment sediments, which was validated by soil slurry incubations demonstrating 
sustained and enhanced CH4 (10X) and CO2 (1.8X) production rates following input of acetate 
C. Overall, these data demonstrate that CSO discharge significantly enhances GHG emissions at
regional and city-wide scales warranting CSO discharge mitigation management. 
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Introduction 
As coastal population increases globally, many estuaries are subject to increasing pollution 
from sewage inputs (Cole et al., 1993). In coastal megacities such as New York City (NYC), 
NY, US, a large fraction of storm water runoff and sanitary waste (e.g., 60% for NYC) are 
combined (USEPA, 2018b) into shared sewage pipes for delivery to wastewater treatment plants. 
During and immediately after periods of precipitation when the volume of wastewater exceeds 
the local capacity, untreated sewage is discharged into surrounding water bodies via combined 
sewage overflow (CSO) events (Brosnan and O’Shea, 1996). This results in inputs of fresh 
water, fecal indicator bacteria (FIB), nitrogen (N), and carbon (C) amongst many other pollutants 
to estuaries (Bowen and Valiela, 2001; Howarth et al., 2006; Mallin et al., 2009) even when 
precipitation events are relatively minor (e.g., >0.25cm for NYC; Ward, 2004). CSO systems are 
prevalent throughout the U.S.A. (USEPA, 2018a), Europe (Gasperi et al., 2008), as well as Asia 
and Africa (Barbosa et al., 2013). The impact CSO events have on human health (Shuval, 2003) 
and eutrophication (Turner and Rabalais, 1994) has received considerable attention. However, 
whether these events are also a source of greenhouse gases (GHGs) or alter GHG dynamics in 
surrounding waterbody remains largely understudied and therefore unconstrained. 
Carbon dioxide (CO2), methane (CH4), and nitrous oxide (N2O) gas are produced in 
wastewater treatment plants (WWTP) worldwide largely because of treatment plant energy 
expenditures, anaerobic digestion, and biological N removal processes (Hofman, 2011). The 
majority of these GHGs are released to the atmosphere. Since CH4 and N2O have 25 and 298X 
the global warming potential of CO2 (Ciais et al., 2013) WWTPs can account for significant 
proportion of a city’s climate impact (Bogner et al., 2007; PlanNYC, 2017). Despite this, the 
actual emissions of WWTPs are largely unconstrained (Yoshida et al., 2014; Mannina et al., 
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2016). Even fewer studies have measured GHG concentrations of untreated WWTP effluent; 
demonstrating enhanced concentrations following wet weather compared to dry conditions in 
localized discharge regions (Ashlboul et al., 2016; Smith et al., 2016). The impact of CSO events 
on estuarine GHG concentrations is unstudied, and may have a large impact, especially during 
the “first” or “foul flush” in which the most concentrated pollutants are delivered during initial 
CSO discharge (Gupta and Saul, 1996). 
Wastewater effluent is also a significant source of dissolved inorganic N (DIN) and dissolved 
organic C (DOC) to estuary waters (Bowen and Valiela, 2001; Jang et al., 2011; Borges and 
Abril, 2011; Wetz et al., 2016). These additions have been posited to enhance microbial 
production of GHGs in estuarine systems resulting in supersatured GHG surface concentrations 
observed in many urban estuaries (Frankignoulle et al. 1998; Abril et al. 2000; Middleburg et al. 
2002; Chen et al. 2013). However few direct measurements of GHG and sewage indicators have 
been reported to link these process together (Burgos et al., 2015; Brigham et al., 2018A). 
Additions of DIN in estuarine ecosystems increases the biomass of primary producers 
(predominantly phytoplankton) in the water column with their subsequent turnover increasing 
the availability of labile C to heterotrophs (Turner and Rabalais, 1994; Tyler et al., 2003; 
Howarth et al., 2006). DOC additions directly from CSOs or from phytoplankton turnover has 
been theorized to increase microbial activity in anaerobic systems by providing a readily 
decomposable energy source to support heterotrophic activity (Reddy and Delaune, 2008; Vidon 
et al., 2010) potentially reducing oxygen levels in the water column and associated sediments 
(Howarth, 1988; Bianchi, 2011). Enhanced microbial activity could also deplete sulfate, and 
other electron acceptors resulting in greater methanogenesis than would be predicted based on 
salinity alone. Further, episodic but frequent additions of untreated wastewater delivered via 
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CSO events may saturate local embayments with DOC, DIN and other pollutants, releasing the 
microbial community from energy constraints found in less impact systems and resulting in 
sustained enhanced microbial abundance and production. 
Because CSO events are frequent in NYC and may alter GHG concentrations both directly 
and through microbial medicate mechanisms we quantified DOC, DIN, CH4 and CO2 surface 
values in Flushing Bay (FB), NY. This bay is located within a highly urbanized system that has 
historically experienced among the highest inputs of DOC and DIN worldwide (NYCDEP, 2009, 
2011; Howarth et al., 2006). Surface samples were taken following periods of dry weather and 
wet weather in close proximity to a CSO site as well as directly from CSO discharge during 
rainfall. An additional incubation experiment with FB sediment was conducted to determine if 
additions associated with CSO flow enhances potential CH4 and CO2 production from 
embayments. Previous research with CSOs has focused on primarily on FIB, antibiotic 
resistance, and micropollutants (e.g. caffeine) (O’Mullan et al., 2017; Young et al., 2013; 
Kostich et al., 2014). Here we examine the impact CSO discharge has on GHG dynamics, 
determining both the magnitude of loading and the lasting impact over small spatial (1.5 kms) 
and temporal (72 hrs) scales.  
This study was designed to determine if CSO events facilitate “hot spots” and “hot moments” 
of GHG production that could account for a significant portion of total production in anaerobic 
systems (McClain et al., 2003) and be relevant to the HRE’s total climate impact. The data will 
demonstrate if CSOs are a direct source of CH4 and CO2 and/or a potentially indirect source of 
these GHG via enhanced microbial production stimulated by untreated sewage input. We 
hypothesized that CSO discharge will be a source of enterococci – a FIB, DOC, DIN, CH4 and 
CO2 and will enhance the value of these inputs in localized FB surface waters during flow (H1). 
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Enhanced concentrations of DOC, DIN, CH4, and CO2 will persist in FB surface waters resulting 
in significantly greater values following wet weather compared to dry weather (H2). Lastly, in 
separate sediment slurry incubations sewage input treatments will be shown to enhance CH4 and 
CO2 production (H3) demonstrating a potential pathway in which CSO events stimulate elevated 
and sustained GHG production, as well as, contribute to poorly managed, and previously 
unquantified, climate impacts from urban environments. 
 Materials and methods 
Site information 
FB is one of the westernmost embayments on Long Island, located within NYC and 
connected to the East River in the western narrows of Long Island Sound (Fig. 1). A tidal range 
of 2 m combined with a wide mouth and sporadic freshwater discharge from Flushing Creek and 
urban storm water result in well-mixed waters with a salinity range of 20-28 mg L-1 (Eaton, 
2007; Fugate and Chant, 2006). The bay is highly developed, surrounded by LaGuardia 
International Airport, College Point, NY, and Citi Field, amongst other recreational facilities, 
and has a long history of untreated wastewater input (O’Shea and Brosnan, 2000). In NYC, 
recent models predict 1.9 x 105 m3 d-1 of CSO discharge into adjacent waters with 14% of this 
volume delivered into FB from 14 CSO outfalls originating from the Bowery Bay and Tallman 
Island WWTPs (NYCDEP, 2009, 2011).  
Surface water sampling was conducted at the terminus of the CSO outfall designated Bowery 
Bay #8 (BB-08; N° 40.7625, W° 73.8589), as well as a reference site (N° 40.7636, W° 73.8436) 
located approximately 1.5 kms eastward. The reference site was chosen because of ease of 
sampling from a public dock and the relatively large distance separating it from any FB CSO 
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outfalls. These characteristics made it a useful reference site for representing background 
conditions in FB. The BB-08 outfall is a large flow gravity-fed discharge outfall, with a modeled 
annual outflow of 2,225,000 m3 (NYCDEP 2009, 2011). Discharge from the CSO flows from the 
pipe down a ~5 m long concrete spillway directly into the bay at an approximate elevation of -
0.25 m, relative to mean sea level, which is typically exposed during low tide and covered during 
high tide. Meteorological data were obtained from LaGuardia Airport (KLGA) Weather 
Underground station (accessed June 2018, http://www.wunderground.com). 
Discharge and surface water sampling during CSO events 
During two separate CSO events, we collected combined sewage discharge samples from the 
CSO spillway (Table S1). Depending on tidal height, tidal direction and strength of CSO 
discharge during these events, the spillway samples contained a range of contributions from 
either predominantly CSO discharge to predominantly estuarine water. Each event was sampled 
9-10 times, with a sample collected every 45 minutes for approximately 8 hours. The 6 
November 2014 event was preceded by 0.33 cm rain with an additional 0.84 cm rainfall which 
occurred during sampling. At the CSO site the first half (n=5) of time points were characterized 
by no obvious CSO flow with sampled waters consisting of primarily FB waters on the spillway, 
whereas the second half (n=5) of times points were characterized by strong CSO flow with 
sampled waters consisting of mixed CSO discharge and FB waters. During this event the CSO 
spillway site and the FB reference site were sampled simultaneously. The 5 June 2015 event was 
preceded by 2.94 cm rain. Due to very low tidal height the first set of time points (n=3) consisted 
of sampling direct CSO discharge with the second set consisted of sampling mixed CSO 
discharge and FB surface waters (n=6). 
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For each time, and at each site, a 15-liter water sample was collected, sealed and used to 
measure water salinity, temperature and turbidity using a combination of the handheld HQd 
Multimeter and 2100Q Turbidity probes (Hach; Boulder, CO, US). A second 15-liter sample was 
then removed to immediately determine the partial pressure of CO2 or pCO2 utilizing the Mini-
pro CO2 probe (Pro-Oceanus; Halifax, NS, CA). Additional surface samples were utilized to 
quantify CH4 (250 mL, n=3-4 per site), FIB (enterococci, 10 mL, n=1 per site), as well as DOC 
and DIN (50 mL, n=3 per site) surface values. CH4 surface samples were processed, immediately 
after collection, using the McAuliffe (1974) extraction technique, transferred and stored in pre-
evacuated exetainers (Labco; Lampeter, UK) and quantified with a Hewlett-Packard 5890 Series 
plus II Gas Chromatograph (HP; Brielle, NJ, US) as described in Brigham et al. (2018b). 
Enterococci were enumerated within six hours of collection following USEPA (2006) 
recommendations as described in Young et al. (2013). Samples for DOC and DIN analyses were 
placed on ice upon collection and then stored at -20°C until analysis. DIN concentrations (nitrate 
[NO3-] plus ammonium [NH4+]) were quantified using standard colorimetric assays 
(Weatherburn, 1967; Doane and Horwath, 2003) on a Synergy H1 plate reader (Biotek, Winoski, 
VT, US). Non-purgeable organic C (referred to hereafter as DOC) was quantified using a high-
temperature combustion method (APHA, 2005) on a TOC-V CSH analyzer (Shimadzu Inc., 
Kyoto, JP).  
Surface water sampling following dry and wet weather conditions 
FB surface waters were sampled from both the CSO and reference sites to determine 
differences in GHG concentrations following wet (defined as >0.635 cm within 72 hours of 
sampling [Young et al., 2013]), and dry weather (<0.635 cm within 72 hours of sampling) 
conditions. Sampling was conducted during two distinct periods; May-November of 2014 and 
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May-June of 2015 following both wet (10X) and dry (8X) weather conditions (with no active 
flow observed during collection). Temperature, turbidity, CH4, pCO2, enterocci, DOC and DIN 
values were quantified as described in section 3.2.  
Sediment core sampling 
Two sets of sediment core samples were collected for the sediment slurry and intact core 
incubations, respectively. For the sediment slurry incubation, samples were collected from eight 
locations within 150 m of the CSO site and approximately 20 m from one another. At each 
sampling location, four soil cores (total n = 32), 20-cm depth and 5-cm diameter, were collected 
with a wetland soil corer (AMS Inc.; American Falls, ID, US) equipped with plastic core liners. 
All cores were removed from sediments at low tide from sediment located at approximately -0.5 
m below sea level. An additional core was taken at each location (i.e., total n=8) by driving a 100 
mL syringe with its bottom cut off into the sediment, and then immediately wrapping both sides 
in Parafilm M. Overlying water was also collected in close proximity to sampling sites. After 
collection, sediment cores were stored at 4°C, while overlaying water was transported at ambient 
temperature.  
Sediment incubation experiments 
For each incubation, sediment slurries and intact core incubation units were established 
within 4 hours of initial sampling with the eight locations serving as experimental replicates. The 
sediment slurries experimental units (n=24) were established via the method described by 
Brigham et al. (2018b). In brief, 40 g of homogenized sediment (dry-sediment equivalent) was 
placed into Mason jars (0.85L) fit with a chlorobutyl septa (Bellco, Vineland, NJ, US), 200 mL 
of filtered, autoclaved FB water was added and the resulting sediment-water slurry was shaken at 
180 osc/min for 10 minutes using a reciprocal shaker (Eberbach, Ann Arbor, MI, US). For the 
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intact core units, parafilm was removed from the 100mL syringe cover and each syringe was 
placed vertically into larger Mason jars (2.0L) and then covered with 1200 mL of overlying 
water. All incubation vessels were flushed with N2 to remove O2 from both the headspace and 
water.  
After the sediment slurries were fabricated each unit underwent a two week “pre-incubation” 
period at 25°C to reduce sampling and homogenization effects. Afterwards each unit was flushed 
with N2, followed by the establishment of the following treatments: no amendment (negative 
control, 10 mL of overlying water); acetate (10 mL, prepared in overlying water); and CSO 
discharge (90 mL) addition. The amount of acetate C added was 0.75 mg per g of sediment (dry 
sediment equivalent), which averaged 3.8 ± 0.5% of the soil organic C on a per mass basis for 
each incubation unit. This C addition simulated the C loading predicted for surface waters 
following a typical storm event (Griffith and Raymond, 2011; Yoon and Raymond, 2012). The 
CSO discharge addition was mixed CSO discharge and FB surface waters collected on 5 
November 2014. This DOC addition represented 0.05% of the soil organic C on a per mass basis 
and is representative of the C concentrations found in CSO discharge.   
After treatment additions were established, CO2 and CH4 headspace concentrations were 
measured every 24 and 48 h, respectively. Headspace samples were analyzed using an EGM-4 
infrared gas analyzer (PP systems, Amesbury, MA) and 5890 HP gas chromatograph discussed 
in section 3.3. The incubation duration was 16 d for the sediment slurry and 5 d for the intact 
core incubations. The volume of gas extracted from the headspace of incubation vessels was 
replaced with the same volume of N2 after sampling. Total CH4 and CO2 which includes CO2 (g) 
+ CO2 (aq) + bicarbonate (HCO3- [aq]) headspace concentrations were calculated from the partial 
pressures of each gas using the ideal gas law (total CH4 [g] and CO2 [g]), solubility constant of 
71
CO2 adjusted for salinity (CO2 (aq); Weiss, 1974) and the CO2 dissociation constant (HCO3- [aq]; 
Stumm and Morgan, 1981).  
At the end of both incubations each Mason jar was unsealed and the temperature, pH, redox, 
salinity and hydrogen sulfide (H2S) values were immediately quantified utilizing the Micro 
Observatory senor system (Analytical Instrument Systems, Ringoes, NJ). The sediment slurries 
were vacuum filtered utilizing Whatman 42 filter paper (GE Healthcare, Buckinghamshire, UK) 
after each unit was homogenized with the Fix Speed Reciprocal Shaker. Filtered water samples 
were stored at -20°C until analysis. Sediment samples were dried at 37°C and then stored in a 
desiccator at room temperature prior to analysis. DIN and DOC concentrations were determined 
from water samples as described in section 3.2. Dried soil samples were acid fumigated (Harris 
et al., 2001) before organic C and total N analysis with a 4010 CHNSO elemental analyzer 
(Costech Inc., Valencia, CA, US). 
Statistical analysis 
All data were transformed (square root) to ensure assumptions necessary for analysis of 
variance (ANOVA) and analysis of co-variance (ANCOVA). For comparison of biogeochemical 
parameters following wet and dry weather conditions, data from FB surface waters were grouped 
by precipitation (wet and dry) and site (CSO and reference) while salinity was utilized as a co-
variate for ANCOVA analysis. FB GHG surface values were also compared to other NYC 
embayment and mid-channel sites utilizing non-parametric Wilcoxan rank-sum tests. In this 
comparison average values (n=6 per site) from the 2014 sampling season were compared with 
each months data (n=1 per site) collected within 96 hours. To analyze changing conditions 
observed during the CSO events data was binned by CSO non-flow and flow (6 November 2014 
event) and direct CSO discharge vs. CSO flow (15 June 2015 event) for non-parametric 
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Wilcoxan rank-sum tests. The soil incubation data was analyzed using blocked (by sampling 
location) repeated measures ANOVAs to determine the impact of treatment (sediment slurry) 
and time (sediment slurry and intact cores) on CO2 and CH4 production. To analyze differences 
between treatments for all other parameters, including total C produced as CO2 and CH4, salinity, 
pH, redox, H2S concentration, as well as DOC, NO3- and NH4+ concentrations, blocked one-way 
ANOVAs were used. Post-hoc Tukey paired t-tests were used to compare differences among 
treatments for the sediment slurry incubation experiment. All of the following statistical tests 
were conducted in SYSTAT (2009, v.13.0, Systat for Windows software, San Jose, CA).   
Upcoming molecular analysis 
A subset (n=6) of CSO discharge water samples from the 6 November 2014 (reference and 
CSO site) and 15 June 2015 sample dates were selected for high throughput 16S rRNA gene 
sequencing to evaluate microbial community composition (Ronaghi and Elahi, 2002). Following 
nucleic acid extraction using the PowerWater kit (MoBio Laboratories, Carlsbad, CA), 
quantification with a Qubit fluorometer, and 16S rRNA gene amplification with universal 8F 
(5′AGRGTTTGATCCTGGCTCAG-3′) and 1492R (5′-CGGCTACCTTGTTACGACTT-3′) 
primers as described in O’Mullan et al. (2015), gel electrophoresis was used to confirm DNA 
product size and the lack of amplification from negative control samples. DNA was then sent for 
parallel bacterial and archaeal 454 amplicon pyrosequencing (Roche 454 FLX titanium) using 
both the eubacterial primer 27F and archaeal primer 349F at Molecular Research DNA labs 
(MRDNA, Shallowater, TX, US), as detailed by Dowd et al. (2008) and O’Mullan et al. (2015). 
The resulting 454 sequences were quality control processed and binned into Operational 
Taxonomic Units (OTUs) using 97% similarity and the SILVA reference database (release 123) 
with the QIIME software package (Caporaso et al., 2010) as described by Brigham et al. 
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(2018b). The analyses describe below will be conducted September 2018 to classify microbial 
inputs in FB surface waters during discharge. The relativized data (# of sequences per “class” 
divided by total sequences) output will be analyzed with non-metric multidimensional scaling 
using PC-ORD (v 6.0). DNA sequence files from these analyses are available from the National 
Center for Biotechnology Information (https://www.ncbi.nlm.nih.gov/sra) associated with 
Bioproject PRJNA482618 under accession numbers SRR7586856 to SRR7629760.    
 
Results 
Discharge and surface sampling during CSO events 
Two separate CSO events were sampled in 2014 and 2015. A summary of quantified 
biogeochemical parameters are presented in Tables 1 and S2. During the 2014 event the tidal 
height was above the outfall for the entire event resulting in the sampling of surface waters from 
the CSO spillway that were a combination of CSO discharge and FB waters at the CSO site. 
During time points 1 – 5 no visual flow was observed outward from the outfall (which was 
underwater due to high tide). Biogeochemical parameters measured on site included salinity, 
turbidity and temperature with ranges of 21-24 mg L-1, 8-9 NTUs and 11-13 °C, respectively. At 
time point 6, we observed visual flow from the CSO, which was constant through time point 10. 
Throughout the sampling period, salinity, turbidity and temperature ranges shifted to values of 6-
10 mg L-1, 42-56 NTUs and 14-16 °C, respectively. When these parameters were binned by flow 
(time points 1-5) vs. no flow (time points 6-10), Wilcoxon rank-sum tests demonstrated 
significant differences for salinity (U=25, p=0.009), turbidity (U=25, p=0.009) and temperature 
(U=24, p=0.016). Significant enhancement in other biogeochemical factors including 
enterococci (103X), NO3- (16X), NH4+ (7X) and CO2 (1.7X) values was observed indicating 
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untreated sewage pollutant contamination of surface waters (Figures 2 and 3, Table 1). Wilcoxon 
rank-sum U statistics for these parameters were significant (Table S3). DOC and CH4 were not 
significantly greater by Wilcoxon rank-sum tests (U=10, p=0.117 for both parameters). At the 
reference site, data collected simultaneously was binned in the same manner with the salinity 
ranges of 20-23 mg L-1 which was similar to salinity at the CSO site before flow began. In 
addition, no biogeochemical parameter was significantly enhanced at the reference site during 
the time period when sewage flow was occurring at the CSO site. Figures 2 and 3 demonstrate 
that flow was correlated to significant increases in DOC, DIN and CO2 values at the CSO site, 
but not at the reference site. 
During the 2015 event, the tide height was below the outfall discharge for time points 1-3 
enabling the direct sampling of CSO discharge. For the remaining time points, tide height was 
above the outfall discharge point but still had visible flow resulting in sampling of surface waters 
that were a combination of heavy CSO discharge and FB waters at the CSO site. During time 
points 1-3 salinity and turbidity measurements from direct CSO discharge had ranges of 0.06-0.1 
mg L-1 and 34-44 NTUs, respectively (Table 1). Mixing with FB surface waters after time point 
3 resulted in enhanced salinity (0.15-10 mg L-1) and decreased turbidity (20-29 NTs) values. 
When data was binned into direct CSO discharge (n=3) and mixed flow (n=6) Wilcoxon rank-
sum tests demonstrated that shifts for both parameters were significant (U=18, p=0.02, Table 
S4). The range of enterococci between direct discharge (34,000-69,000 CFU/100 mL) and mixed 
flow (41,000-174,000 CFU/100 mL) measurements all vastly exceeded EPA guidelines for 
primary contact in recreational waters (geometric mean >104 CFU/100 mL) indicating very high 
levels of sewage contamination (USEPA, 2004). Lastly, the range of CH4 concentrations (2296-
4823 nM), CO2 values (1366-1468 µatm), as well as DOC (5-7 ppm), NH4+ (1.5-1.7 ppm) and 
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NO3- (0.4-0.6 ppm) concentrations sampled from direct discharge were greater than those 
measured from surface waters during dry weather from the CSO and reference sites. However, 
these values were not significantly different than those measured during mixed flow from time 
points 4-9 during this event.  
Wet and dry weather FB surface measurements  
Wet weather significantly enhanced (>100X) enterococci at both the CSO and reference sites 
compared with dry weather (ANCOVA; F1,12 =7, p=0.025, Table S4), indicating untreated 
sewage contamination to FB surface waters following rainfall (Table 2). In addition to 
enterococci, wet weather also increased NO3- concentrations (20X, F1,12 =5; p=0.025). NH4+ 
concentrations were below the limit of detection (LOD, ~0.125 ppm) for most of our collected 
samples and were not analyzed here. Wet weather didn’t enhance CH4 or pCO2 but greater CH4 
were quantified at the CSO site (1.6X, F1,12 =15; p=0.001) while compared with the reference site 
while pCO2 surface values were statistically similar between sites (F1,12 =4; p=0.051). We used 
salinity as a co-variate for all main effect analyses because it best explained the variance for 
several other parameters – likely because of the decrease in salinity associated with the input of 
anthropogenic pollutants. 
Average CH4 concentrations quantified from the surface waters of FB were 899 ± 186 and 
2048 ± 506 nM for the reference and CSO sites (Figure 4). Wilcoxon rank sum test (U =27, 
p<0.001) in combination with Games-Howell post-hoc test (Table S5) demonstrated that these 
concentrations were similar to concentrations quantified from Gowanus canal (1775 ± 240 nM) 
and Newtown Creek (784 ± 120 nM), two additional sewage impacted NYC embayments 
quantified by Brigham et al. (2018a). Further, all embayment sites had significantly greater CH4 
concentrations compared to mid-channel river sites from the East (369 ± 49 nM) and Hudson 
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(289 ± 36 nM) Rivers, that act as well flushed receiving waterways from these sewage impacted 
canals and embayments. While pCO2 values were demonstrated to be significantly different (U 
=12, p<0.035) between these sites as well, it was due to higher values quantified at the FB CSO 
site (2104 ±230 µatm) compared to the FB reference (1134± 120 µatm) and Hudson River (1203 
± 161 µatm) sites. 
Sediment slurry incubation results 
Acetate additions to sediments enhanced GHG production rates in sediment slurries while 
CSO additions did not. Average CH4 production rates from no amendment treatment were 2.0 ± 
0.6 µg CH4-C g-1 sediment C day-1 while average CH4 production rates for acetate addition 
treatment was 28 ± 6 µg CH4-C g-1 sediment C day-1. Production rates increased throughout the 
course of the 16-d incubation for all treatments. Repeated measures ANOVA demonstrated 
significant differences for CH4 production rates among treatments (F2,14 = 5, p=0.02), location 
(F7,14=3, p=0.04) and time (F=7,98, p=0.001) (Table S6). Conversely, CO2 production rates were 
similar amongst all treatments (161 ± 15, 284 ± 155 and 279 ± 156 µg CO2-C g-1 sediment C 
day-1) for no amendment, acetate addition and CSO addition treatments, respectively and were 
highest during the first three days of the incubation and then decreased and plateaued through the 
remainder of the 16-d studies for all three treatments. Repeated measures ANOVA demonstrated 
significant differences between location (F7,14=7, p=0.001) and time (F15,210=30, p<0.001) but not 
treatment (Table S6). There was substantial variability in CH4 and CO2 production rates among 
sampling locations which was largely correlated (r2=0.63) to the % organic C quantified from 
cores from each location (n=8). In addition, sediment slurry GHG production rates for the no 
amendment treatment were within an order of magnitude (0.75X) of those produced by the intact 
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core units demonstrating that the potential rates observed for the incubation are likely relevant to 
actual environmental GHG production. 
Total C produced as CH4 throughout the incubation was enhanced (F2,14=6, p=0.013) in the 
acetate addition treatment compared to other treatments as demonstrated by ANOVA and post-
hoc Tukey tests (Tables S7a and S7b). Conversely, average C produced as CO2 was not 
significantly enhanced in the acetate and CSO addition treatments (F2,14=3, p=0.063). Figure 5 
demonstrates enhanced (115X) CH4 production compared to other treatments with similar CO2 
production in all treatments when standard error is considered. At the end of the 16-d study, 
sediment slurry pH, salinity, redox and H2S values were significantly altered by treatment while 
DOC, NH4+ and NO3- concentrations were not (Table 3, Table S8a and S8b). Post-hoc Tukey 
analyses demonstrated that acetate additions significantly increased pH, decreased redox 
potential, and increased H2S concentrations compared to the CSO addition and no amendment 
treatments. While higher average DOC concentrations were observed for the acetate treatment 
(33 ± 36 ppm), the high variability (range of 12-125 ppm) observed amongst locations resulted in 
no significance difference between treatments. 
 
Discussion 
CSO events are direct sources of GHGs, DOC and DIN  
CSO discharge events are a direct source of GHGs, DOC and DIN to adjacent surface waters. 
Measuring these pollutants over the course of a CSO event illustrate how pollutant discharge 
evolves over time. For the 2014 event, CSO discharge was mixed with Flushing Bay water 
because the tidal elevation was above the CSO spillway elevation throughout the 8 hours of 
sampling. Regardless, CSO flow led to a distinct and statistically significant shift in 
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biogeochemical parameters from surface waters at the CSO site, including a decrease in salinity, 
an increase in turbidity and enterococci counts, which clearly demonstrate extensive sewage 
contamination (Sauer et al., 2011; Sidhu et al., 2013). Once CSO flow began (timepoint 5; Figs. 
2 and 3), DOC, DIN, CH4, and CO2 levels all increased significantly. CH4 concentration in 
surface water wasn’t significantly different between flow and no-flow conditions, possibly due to 
the low tide height at start of sampling (before flow began), which likely led to much higher 
background concentrations of CH4 (less dilution affect).  
For the 2015 event, tide height was below the discharge elevation of the CSO spillway for 
the first three time points, which allowed for a direct sampling of CSO discharge. While the 
concentrations of DOC, DIN, CH4 and CO2 were elevated compared to surface waters sampled 
during dry weather, these concentrations were lower than those quantified during the 2014 event. 
The much greater (3X) and intense (>0.25 cm hr-1) rainfall in 2015 compared to the previous 
event (2014) likely led to a greater proportion of surface runoff to untreated sewage diminishing 
the concentrations of C and N species in CSO discharge. These combined data highlight several 
confounding factors that influence the amount and concentrations of pollutants discharged in 
urban estuaries during CSO events. Enough rainfall to initiate flow, often as little as 0.25 cm for 
many NYC CSOs (Ward, 2004), would generate CSO discharge with the greatest concentrations 
of DOC, DIN, CH4 and CO2 (greater sewage to stormwater ratio) but less total volume overall. 
This occurs with enterococci and metals in a phenomenon dubbed “first” or “foul flush” (Gupta 
and Saul, 1996; Bertrand-Krajewski et al., 1998; Eaton et al., 2013).  
Overall, these two events demonstrate that CSOs are direct sources of pollutants including 
GHGs, and highlight the complexity of constraining these discharges across hydrological 
conditions. The background level of sewage or sediment in the pipe before flow (Mallin et al., 
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2007; Passerat et al., 2011) and the amount of precipitation and tidal conditions during discharge 
are likely and potentially predictable co-variates that will impact GHG, C and N inputs into 
estuaries from CSOs. Additional infrastructure features such as the elevation of CSO discharge 
can also alter when discharge is inhibited. A lower discharge elevation can lead to a potentially 
more concentrated “first” flush of pollutants if flow is initially inhibited by high tides (Eaton et 
al., 2013). While these data demonstrate that CSO discharge is a direct source of GHGs 
(discussed in section 5.4), the more ecologically relevant inputs in the context of GHG 
production are C and N. If the range of DOC and DIN concentrations quantified from CSO flow 
are considered, potential additions from one outfall (BB-08) alone equate to 13,000 – 55,000 kg 
C and 6,000 – 26,000 N yr-1. Scaled to FB, the magnitude of loading observed equals 6 and 42%, 
respectively, of organic C and total N % quantified within the top 20 cm of sediment, even 
without considering potential inputs of particle organic carbon (POC) and dissolved organic 
nitrogen (DON). The large and episodic inputs of pollutants via CSO discharge has likely altered 
typical estuarine biogeochemical cycles of C and N in FB (Bianchi, 2011; Bauer et al., 2013), 
transforming the estuarine environment into a pseudo agriculture system. This type of system is 
characterized by microbial community changes, alteration of soil C content and quality, as well 
as enhanced GHG production due to regular fertilizer inputs (Synder et al., 2009). 
GHG concentrations were enhanced at NYCCSO discharge sites   
CH4 concentrations in surface water samples were significantly greater at the CSO site 
compared to the reference site (1.5 km away), while pCO2 values were not. However, when this 
data is viewed in the context of other NYC embayments and larger tributary (East River) and 
river (Hudson River) sites it is clear that sewage delivery areas (FB, Gowanus Canal and 
Newtown Creek) have significantly greater values pCO2 (and CH4) compared to most other parts 
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of the estuary (Fig. 4; Brigham et al., 2018a). Following wet weather, enterococci concentrations 
were enhanced (100X) in FB surface waters in proximity to CSO discharge, indicating 
significant sewage pollutant contamination (Sauer et al., 2011; Sidhu et al., 2013). These 
findings support previous research in NYC surface waters that found enhanced enterococci and 
other bacterial fecal indicators following wet weather and in close proximity to CSO outfall sites 
(Young et al., 2013; Suter et al., 2011; Riverkeeper, 2018). Additional pollutants associated with 
sewage input including DOC, DIN and GHGs (Howarth et al., 2006; Carey et al., 2013; Lambert 
et al., 2007; Alshboul et al., 2016) were not significantly different following wet weather - with 
the exception of NO3- largely refuting hypothesis 2. 
The reasons that DOC, NH4+ and GHGs were not significantly different between wet and dry 
weather conditions in FB are likely multifaceted, but we posit that the regular CSO inputs of 
sewage pollutants into FB over many years has created a permanent ‘hot spot,’ with elevated 
labile C and N levels compared with their natural state (Guenet et al., 2010). We contend that the 
water column and sediments within close proximity of CSO discharges have permanently altered 
baseline levels of DOC, NH4+ and NO3- compared with less impacted embayments. In an 
investigation of particle transport during CSO events (from the very same discharge site studied 
here) Fugate and Chant (2006) demonstrated that a vast majority of particles and associated POC 
were also found to deposit locally, within 1km of the discharge site. This may limit the spatial 
extent of enhanced GHG production to CSO outfall sites, reflecting the lower GHG 
concentrations quantified from the reference site in FB, as well as from mid-channel sites in the 
HRE. 
The amount of C inputted exceeded the amount of C added in our incubation experiments 
(section 4.3), as well as other anaerobic soil (wetlands and rice paddies) C addition studies by at 
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least one order of magnitude (Brigham et al., 2018b; Conrad et al., 2012; Teh and Silver, 2006; 
Ye et al., 2016). These studies have demonstrated significantly enhanced GHG production rates 
over longer time scales (>45 days) than the typical time between CSO events (7- 14 days) 
modeled for NYC (Ward, 2004). Therefore, CSO inputs and increased GHG production are 
likely decoupled to the extent that production will be consistently elevated compared with less 
impacted sites as anaerobic microbial response time to inputs is 5-10X fold longer than the 
distance between CSO events at many NYC discharge sites.   
Another explanation for the lack of significant differences between DOC, DIN, CH4 and CO2 
values between wet and dry weather conditions is that the analytes are enhanced in surface 
waters for a small temporal window following sewage input. While residency time for FB and 
similar bays in NYC is not well constrained, the mixing with Long Island Sound and East River 
waters is substantial (Eaton, 2007). In a similar urbanized estuary, Mallin et al. (2007) found that 
anthropogenic inputs were quickly flushed (<24 hrs) from the water column but could be 
detected bound to sediment weeks later. Consequently, possible elevated DOC, DIN, CH4 and 
CO2 values could have been exported and/or deposited prior to sampling.  
Acetate additions enhanced potential GHG production from embayment sediments 
We found that C addition (acetate) treatment enhanced both average CH4 (28X) and CO2 
(1.8X) production rates compared to the no amendment treatment in the sediment slurry 
incubation experiment. While few sediment slurry experiments are found in the literature, the 
timing of maximum CH4 (>8 days) and CO2 (4-10 days) production rates for the acetate 
treatments were similar to studies conducted with either rice paddy (Yuan et al., 2014; Conrad et 
al., 2012; Ye et al., 2015) or wetland soils (Brigham et al., 2018b). The delayed enhancement of 
CH4 production was expected because the activity of methanogens are energetically constrained, 
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reproduce slowly and therefore would be expected to lag in production compared to other 
metabolic pathways (Brock, 2012). These data suggest that the addition of acetate enhanced 
GHG production by providing a readily decomposable energy source that is typically the limiting 
variable in natural anaerobic soils and sediments (Vidon et al., 2010, Sutton-Grier et al., 2011).  
Acetate additions also resulted in a shift of pH, redox and H2S values compared with no 
amendment treatments. Enhanced CH4 production indicates increased anaerobic respiration 
which was reflected by lower redox values, as well as increased alkalinity and H2S 
concentrations. The majority of anaerobic metabolic pathways consume electron acceptors, 
which lowers redox values and enhances alkalinity through the consumption of free H+ ions 
(Conrad, 1996; Lamers et al., 2012).  
To ascertain how the history of CSO discharge impacted GHG production from FB we 
compared these data to near identical incubation experiments performed with saturated HRE 
wetland soils that receive considerably less sewage input (Brigham et al., 2018a). The production 
of carbon dioxide equivalents (CO2e), which accounts for the global warming potential of CH4, 
was comparable for the no amendment addition treatment for all sediment and soil incubations 
(Table 4). Given the higher expected “background” or baseline production from FB sediments 
similar CO2e production rates amongst soils and sediments may be surprising but it is highly 
likely that the two week pre-incubation period dampened microbial production, depleted 
available C and N, while allowed the sediment to return to a more “natural” state of production. 
But, if only CH4 rates are examined, the FB sediment incubation had 1.3X greater average 
production and 25X greater maximum rate from any given timepoint compared to the Saw Mill 
Creek soil incubation which has similar salinity and redox values, but lower expected sewage 
loading. Higher CH4 production rates following C additions could be due to sewage discharge 
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seeding methanogens into the FB environment or that episodic, albeit regular, additions of C, N, 
freshwater and other pollutants via CSO discharge maintains a larger relative abundance of 
methanogens, allowing a more robust response following additions. 
Management implications  
Our combined data demonstrates that CSO events are both a direct source of CH4 and CO2 
and potential indirect source of these GHGs via enhanced in situ microbial production from C 
additions. While the direct delivery occurs during wet weather, the indirect in-situ production is 
expected to occur over multiple days or even weeks creating a lag time between input and 
production that is not well coupled to wet-dry periods. When these values are scaled to NYCs 
total CSO discharge (6.33 x 10-5 million metric tons of CO2e) or potential production from 
embayments (1.92 million metric tons CO2e) we find that total CO2e production via these 
pathways represents up to 0.0001 and 4%, respectively, of NYCs total GHG footprint 
(49.1 million metric tons of CO2; Plan NYC, 2017). It is complicated to constrain these estimates 
which scale the discharge from one CSO site to be representative of over 600 CSOs found 
throughout the NYC area or using the potential production from one sediment slurry incubation 
to represent the production from all of NYC’s embayments. However, these data demonstrated 
that CSO discharge is likely a relevant management concern beyond the well-recognized human 
health (fecal contact) and ecosystem impacts (eutrophication) and warrants substantial further 
study. Infrastructure decisions are almost always conducted through cost-benefit analyses 
(Balkema et al., 2002), and in order to account for the full benefit from sewage pollution 
mitigation, it should also take into account the influence on GHG reduction. In NYC, where 
billions of dollars are being considered for investment in CSO control measures (NYCDEP, 
2016a), the benefits for GHG and not just FIB such as enterococci, should be considered.    
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Anthropogenic inputs in NYC waters delivered during CSO events appear to lead more to 
“hotspots” (CSO delivery sites) than “hot moments” (following precipitation) of microbial 
biogeochemical activity (McClain et al., 2003). In urban estuaries, this has broader implications 
as estuarine GHG budgets are based largely on efflux values determined from mid-channel 
measurements (Borges and Abril, 2012). The omission of embayments and other likely areas of 
sewage delivery inputs results in an underestimate of the climate impact of estuaries worldwide. 
To ascertain the full significance of these GHG production pathways in urban estuaries, more 
data are needed both within NYC and additional coastal megacities to obtain a broader spectrum 
of actual input during both treated and untreated sewage discharge, as well as the impact of these 
pollutants on GHG production in the field. This should be considered as a very important 
management need both for understanding the influence of sewage on climate but also to help 
guide management actions and proper budgeting of GHG inventories. Lastly, in this study we 
didn’t measure N2O production, a GHG with 298X warming potential compared with CO2 over a 
100-year period (Ciais et al., 2013). Quantifying N2O is of major import for estuaries as 
denitrification contributions may be a very significant GHG given elevated NO3- concentrations 
from sewage inputs worldwide (Doney, 2010) and would be expected to strengthen the overall 
GHG response to urban sewage addition described in our study.  
 
Conclusion 
CSO discharge during wet weather was demonstrated to be a direct source of DOC, DIN, 
CO2 and CH4 into surrounding surface waters. Further, labile C additions added to sediment 
slurries enhanced the production of CO2e. The temporal and spatial impact of these pollution 
events are unknown, but it appears likely that anthropogenic pollutants from discharge are 
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localized in nature as DOC, DIN, CO2 and CH4 concentrations were not immediately enhanced 
at the reference site during flow. However, the greatest GHG concentrations amongst mid-
channel sites throughout the tidal HRE were located in close proximity to urban embayments 
leading to greater GHG concentrations in urban vs. less developed mid-channel sites. In other 
words, hot spots of GHG production bleed into adjacent surface waters likely through the export 
CO2 and CH4 from hot spots.  
The two CSO events sampled had different levels of pollutant input into surface waters 
driven by complex factors including tidal height, tidal direction, rainfall amount and intensity. 
While scaling-up of our data illustrates the impact of CSO additions on GHG production in 
embayment sediments is significant on a regional scale, more data are needed to determine the 
spatial and temporal extent these events have and how possible co-variates impact both delivery 
and in situ production of GHG in urban estuaries. A better mechanistic understanding from 
further research would help constrain the magnitude of potential sewage input induced 
enhancement GHG production and identify additional controlling variables which will facilitate 
modeling the climate impact of sewage discharge in costal megacities worldwide. The 
embayments and tributaries examined here are not only likely sites of enhanced microbial 
production, but have historically received less research attention compared to the mid-channel 
sites. Consequently, GHG emissions from estuaries receiving sewage inputs are likely 
underestimated. Incorporating these measurements into current estimates of estuarine GHG 
production would provide further impetus to reduce sewage inputs via CSO events beyond their 
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Table 1. Biogeochemical measurements from 15 June 2015 CSO event 
Surface measurements part I       
Time 
pointa 
 CH4 conc.  
nM 



































2  2472 0(81)  1388 (25)    
3  2468 0(17)  1468 (37)    
4  2544 0(53)  1691 (31)    
5  2744 0(17)  1763 (42)    
6  2916 0(76)  2047 (57)    
7  3163 0(47)  2281 (72)    
8  2579 (106)  2040 (46)    
9  2145 0(39)  1230 (50)    











 Tide height 
meters 


















2   6.2 (0.1)  1.5 (0.0)  0.51 (0.00)  
3   5.3 (0.2)  1.7 (0.1)  0.63 (0.02)  
4   6.2 (0.1)  2.2 (0.0)  0.83 (0.02)  
5   6.4 (0.2)  1.3 (0.0)  0.93 (0.01)  
6   6.5 (0.1)  2.0 (0.1)  0.52 (0.06)  
7   5.9 (0.8)  0.9 (0.1)  0.28 (0.01)  
8   6.0 (0.1)  1.8 (0.2)  0.87 (0.15)  
9   6.1 (1.3)  2.4 (0.3)  0.99 (0.13)  
 
Parameters that are abbreviated include methane (CH4) concentrations, carbon dioxide (pCO2) values,  
temperature (temp.), dissolved organic carbon (DOC), ammonium (NH4+), nitrate (NO3-) and combined 
sewage overflow (CSO).  
Values in parenthesis are standard errors (n=3-4); measurements without error were measured once 
per time point 
aTime points are separated by 45 mins and began at 5:45 a.m.; direct CSO discharge was sampled at 









































































































































































































































































































































































































































































































































































































































































































Table 3. Biogeochemical properties of soil slurry and intact cores post-incubation 





  pH   DOC conc. (ppm) 
Pre-incubation  7.64 (0.07)  12.1 0(1.4)  
No amendment  7.75 (0.05)  16.1 0(1.2)  
Acetate addition  8.08 (0.07)  33.4 (35.9)  
CSO addition  7.60 (0.16)  15.5 0(2.1)  
Intact core  7.08 (0.08)  07.1 0(1.1)  
  Salinity (mg L-1)  NH4+ conc. (ppm) 
Pre-incubation  20.7 (1.0)  08.3 (0.5)  
No amendment  23.8 (0.5)  12.0 (2.0)  
Acetate addition  23.7 (0.4)  09.6 (6.6)  
CSO addition  21.0 (0.4)  11.8 (2.3)  
Intact core  19.6 (1.0)  01.5 (0.6)  
  Redox (mv)  NO3- conc. (ppm) 
Pre-incubation  -289 (29)  LOD  
No amendment  -330 (17)  LOD  
Acetate addition  -429 0(8)  LOD  
CSO addition  -334 (23)  LOD  
Intact core  -299 (16)  LOD  
  H2S conc. (ppm)     
Pre-incubation  92 (38)     
No amendment  129 (53)     
Acetate addition  294 (16)     
CSO addition  102 (40)     
Intact core  87 (27)     
 
Parameters that are abbreviated include hydrogen sulfide (H2S), concentrations (conc.), 
dissolved organic carbon (DOC conc.), ammonium (NH4+) and nitrate (NO3-) 
LOD represents measurements that were below the limit of detection (~0.125 ppm) 
Values in parenthesis are standard errors (n=8); measurements without error were measured once per 
time point
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Table 4. Comparison of GHG production rates of FB sediment to HRE wetland soils  
Site  Latitude  Longitude  Salinity 
range 
 Total C-CO2e production 
µg CO2e-C g-1 soil C day-1 
      mg L-1  No amend.  C addition 
Flushing Bay  40°45.704  73°51.476  20 – 28  163 (39)  0605 (216) 
Saw Mill Creek Marsh  40°36.505  74°11.555  17 – 27  164 (17)  0245 0(27) 
Piermont Marsh  41°02.159  73°54.638  00 – 12  156 (16)  1289 (263) 
Iona Island Marsh  41°18.064  73°58.633  00 – 06  107 (12)  1784 (830) 
 
Parameters that are abbreviated include carbon dioxide equivalents (CO2e), carbon (C), greenhouse gas 
(GHG), Flushing Bay (FB) and the Hudson River Estuary (HRE) 
Values in parenthesis are standard errors (n=8) 
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Figure 1. Flushing Bay map
Map details loca�on of Flushing Bay (FB) and other relevant New York City (NYC), NY embay-
ments. Surface waters from these embayments mix with the Long Island Sound, East River, 
Hudson River and Atlan�c Ocean waters.
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Figure 2. Greenhouse gas surface concentra�ons during a CSO event
Graphs demonstrate (A) methane (CH₄) and (B) carbon dioxide (pCO₂) 
surface values at a CSO ou�all and reference sites during the 6 November 
2014 CSO event. High �de was associated with decreased CH₄ and pCO₂ 
surface values at the CSO site un�l visible flow (and a shi� in biogeochemi-
cal condi�ons) began at �me point 5. No similar shi� in biogeochemical 
condi�ons were observed at the reference site.  
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Figure 3. DOC, NH₄⁺ and NO₃- concentra�ons during a CSO event
Graph demonstrates dissolved organic carbon (DOC), ammonium (NH₄⁺) and nitrate (NO₃-) 
concentra�ons before and a�er CSO flow during the 6 November 2015 CSO event. No increase 
was observed from simultaneously measurements at the reference site.  
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Figure 4. GHG comparison among NYC embayments and mid-channel sites
Comparison of carbon dioxide (pCO₂) and methane (CH₄) surface values from Flushing Bay (FB) 
reference and CSO sites to those quan�fied from New York City (NYC) embayments (FB, 
Gowanus Canal and Newtown Creek), as well as, the East and Hudson Rivers. Embayments and 
mid-channel sites are designated by labels beneath the x-axis. 
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Figure 5. Total C mineralized as CO₂ and CH₄
Total C mineralized as carbon dioxide (CO₂ [g] + CO₂ [aq] + HCO₃-; le� y-axis) and (b) methane 
(CH₄; right y-axis) over the 16-d course of the sediment slurry incuba�on for each treatment 
including no amendment (nega�ve control), acetate addi�on and CSO discharge addi�on. 
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Table S1. Sampling timeline
No. Sampling CSO Year Month Day Rainfallb
regimea flow cms
1 Dry No 2014 May 16 0.3
2 Wet No 2014 June 6 2.5
3 Dry No 2014 June 16 0.0
4 Dry No 2014 July 11 0.0
5 Wet No 2014 July 16 6.9
6 Wet No 2014 August 13 2.3
7 Dry No 2014 August 19 0.0
8 Dry No 2014 September 11 0.0
9 Wet No 2014 September 16 2.0
10 Wet No 2014 October 17 3.8
11 CSO flow Yes 2014 November 06 1.2
12 Dry No 2015 May 07 0.0
13 Wet No 2015 May 17 0.8
14 Wet No 2015 June 01 2.8
15 Dry No 2015 June 05 0.5
16 Dry No 2015 June 12 0.0
17 CSO flow Yes 2015 June 15 3.1
18 Wet No 2015 June 17 4.8
19 Wet No 2015 June 19 2.0
20 Wet No 2015 June 22 1.8
21 Sedimentc No 2015 November 6 0.0
a"Wet" weather entails <0.635 cms of rainfall within 72-hr of sampling; flow observed
only for dates labeled "CSO flow"
bRainfall within 72 hours of sampling
cCores were sampled for soil slurry and intact core incubations
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1 3713 0(99) 1277 (45)
2 2892 0(94) 1304 (36)
3 2384 (102) 1185 (17)
4 2392 0(12) 1165 (23)
5 1769 0(95) 1134 (24)
6 1696 0(95) 1672 (50)
7 4630 (259) 2164 (80)
8 5539 (341) 1979 (67)
9 4196 (260) 2053 (55)
10 4542 (441) 2420 (47)
1 2.7 (0.2) 0.55 (0.05) 0.30 (0.01)
2 3.6 (0.4) 0.56 (0.09) 0.25 (0.02)
3 2.4 (0.2) 0.40 (0.10) 0.28 (0.03)
4 2.8 (0.1) 0.50 (0.01) 0.29 (0.03)
5 3.8 (0.3) 0.47 (0.04) 0.28 (0.03)
6 2.3 (0.2) 0.65 (0.03) S                                                                            6.17 (0.14)
7 17.8 (2.2) 13.38 (2.41) 1.05 (0.01)
8 21.4 (2.4) 11.13 (0.50) 0.53 (0.02)
9 18.6 (1.4) 7.58 (0.22) 0.59 (0.07)




1 926 0(23) 945 (35)
2 1001 (136) 918 (21)
3 1155 0(57) 911 (15)
4 815 0(24) 909 (31)
5 836 0(16) 781 (29)
6 1014 0(97) 786 (27)
7 737 0(26) 805 (12)
8 656 0(22) 739 (19)
9 626 0(14) 860 (26)
10 843 0(36) 997 (20)
nM °C mg L-1 NTUs
Surface measurements part I
































nM °C mg L-1 NTUs
Surface measurements part I




1 0.8 (0.1) 0.20 (0.02)
2 1.0 (0.5) 0.12 (0.05) 0.26 (0.09)
3 1.1 (0.2) 0.13 (0.01) 0.29 (0.06)
4 1.3 (0.8) 0.14 (0.10) 0.27 (0.13)
5 2.9 (0.0) 0.17 (0.02) 0.38 (0.03)
6 2.6 (0.1) 0.13 (0.07) 0.33 (0.10)
7 2.3 (0.2) 0.17 (0.06) 0.36 (0.12)
8 2.1 (0.1) 0.18 (0.02)
9 2.5 (0.1) 0.35 (0.00)
10 2.1 (0.2) 0.26 (.19) 0.36 (0.07)
Parameters that are abbreviated include methane (CH4) concentrations, carbon dioxide (p CO2) values, 




Values in parenthesis are standard errors, parameters without errors were measured once per time 
point, LOD represents measurements that were below the limit of detection (~0.125 ppm)
aTime points are separated by 45 mins and began at 8:00 A.M.; direct CSO discharge was sampled at
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Table S3. Summary of Wilcoxon analyses of biogeochemical parameters during CSO events
Effect
df U p df U p df U p
CH4 1 20 NS 1 19 NS 1 10 NS
CO2 1 25 0.009 1 17 NS 1 15 NS
Salinity 1 25 0.009 1 18 0.020
Temperature 1 24 0.016 1 14 NS
Turbidity 1 25 0.009 1 18 0.020
DOC 1 10 NS 1 20 NS 1 12 NS
NH4
+ 1 25 0.009 1 14 NS 1 14 NS
NO3
- 1 25 0.009 1 16 NS 1 14 NS
Enterococci 1 15 0.022 1 05 NS 1 18 0.071
Measurements from 6 November 2014 CSO event were divided into non-flow (n=5) and flow (n=5);
measurements from 15 June 2015 CSO event were divided into direct discharge measurement (n=3)
and flow (n=6)
Parameters that are abbreviated include methane (CH4), carbon dioxide (CO2), dissolved organic
carbon (DOC), ammonium (NH4
+), nitrate (NO3
-) and combined sewage overflow (CSO)




June 15th, 2014         
CSO site
November 6th, 2014 
CSO site
November 6th, 2014 
reference site
df represents degrees of freedom, U represents the Whitney Mann-U value, p represents
probability, NM  represents measurements that were not conducted and not significant 
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Table S4. Summary of ANCOVA analyses of wet and dry biogeochemical conditions 
Sourcea
df F p df F p
Site 01 15 <0.001 01 00 NS
Precipitation 01 04 <0.060 01 04 <0.067
Salinity 01 13 <0.001 01 00 NS
Error 32 32
Site 01 04 <0.051
Precipitation 01 02 NS
Salinity 01 01 NS
Error 32
Site 01 00 NS 01 07 <0.010
Precipitation 01 07 <0.025 01 08 <0.008
Salinity 01 08 <0.013 01 73 <0.001
Error 32 32
df represents degrees of freedom, F represents the F value, p 
for p > 0.1
aAnalyses of co-variance (ANCOVA) was conducted using site 
(combined sewage overflow [CSO] and reference) and precipitation
(wet and dry) as grouping variables and salinity as a co-variate
Parameters that are abbreviated include methane (CH4), carbon




LOD represents measurements that were below the limit of detection
(~0.125 ppm)













Table S5. Summary of Wilcoxon analyses of GHG concentrations of HRE sites
df U p df F p
Site 5 27 <0.001 5 12 <0.035
FB - reference site





GHG values from 2014 cruises (May-October; n=6) were grouped into
sites for analysis  including Flushing Bay (FB) - reference, FB -CSO, East 
River, Gowanus Canal, Newtown Creek and the Hudson River. All
monthly measurements were made within 4 days of each other
All treatments are organized into groups (i.e. “a”) in which the means 





















Table S6. Summary of repeated measures ANOVA sediment slurry analyses
df F p df F p
Treatment 02 5 00.020 02 1 NS
Location 07 3 00.040 07 7 00.001
Error 14 14
Time 07 4 00.001 15 30 <0.001
Time*treatment 14 1 NS 30 3 <0.001
Time*location 49 4 <0.001 105 2 <0.001
Error 98 210
Repeated measures analysis of variance (ANOVA) performed to quantify
the combined effects of treatment, location, and time on methane (CH4-C) 
and carbon dioxide(CO2-C) production rate from soil slurry incubation
Within subjects
CH4 CO2
df represents degrees of freedom, F represents the F value, p represents




Table S7. Analyses of total C produced as CH4-C and CO2-C for sediment slurry incubation
A ANOVA summary
df F p df F p
Treatment 02 6 0.013 02 4 0.040
Location 07 3 0.024 07 7 00.001
Error 14 14














Randomized block analysis of variance (ANOVA) performed 
to quantify the effects of treatments and location (n=8) on 
methane (CH4-C) and carbon dioxide (CO2 -C [g] + CO2 -C [aq]
 + HCO3
- -C [aq]) 
For post-hoc Tukey analyses all treatments and locations are 
organized into groups (i.e. “a”) in which the means for total 
CO2 -C and CH4  -C production were not significantly
(p > 0.05) different
Treatments include no amendment (no amend.), acetate 
addition and combined sewage overflow (CSO) addition
df represents degrees of freedom, F represents the F value, p 
represents probability and not significant (NS) probabilities are



























Table S8. Analyses of biogeochemical parameters for sediment slurry incubation
A ANOVA summary
Effect
df F p df F p
pH
Location 03 00 NS 03 1 NS
Treatment 07 04 <0.024 07 3 <0.074
Error 21 21
Location 03 00 NS 03 2 NS
Treatment 07 06 <0.006 07 0 NS
Error 21 21
Location 03 02 NS
Treatment 07 08 <0.001
Error 21
Location 03 09 <0.001
Treatment 07 20 <0.001
Error 21

























































Randomized block analysis of variance (ANOVA) performed 
to quantify the effects of treatments and location (n=8) on 
biogeochemical paramters post-incubation
df represents degrees of freedom, F represents the F value, p 
All treatments are organized into groups (i.e. “a”) in which the
means for each biogeochemical parameter were not significantly
(p > 0.05) different
Treatments include no amendment (no amend.), acetate addition 
and combined sewage overflow (CSO) addition
Parameters that are abbreviated include hydrogen sulfide (H2S), 
dissolved organic carbon (DOC), ammonium (NH4
+), nitrate (NO3
-),
and limit of detection (LOD; 0.125 ppm)
represents probability,and not significant (NS) probabilities are 
b










Reproduced with permission from Brian A. Brigham, Angel D. Montero, Gregory D. O’Mullan 
and Jeffrey A. Bird. Acetate additions stimulate CO2 and CH4 production from urban wetland 
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Wetlands in close proximity to urban centers receive significant inputs of dissolved organic 
carbon (C) and nitrogen (N) from runoff, sewage overflow and treated wastewater. Additions of 
C and N may impact greenhouse gas (GHG) production rates from temperate wetland 
ecosystems, which are considered a large sink for atmospheric CO2. We hypothesized that 
microbial activity in these anaerobic ecosystems was limited by the availability of labile C which 
provides electron donors to support microbial metabolism. To test this hypothesis, carbon 
dioxide (CO2) and methane (CH4) production rates were quantified with a series of soil 
incubations from three wetland sites located across a salinity gradient in the Hudson River 
Estuary (HRE). Acetate additions to soils enhanced CO2 (2X) and CH4 (>125X) production rates 
from soil slurries among all wetland soils vs. no amendment controls. Enhanced CH4 production 
was also inversely correlated (r2=0.81) to the salinity of sampled soils. In contrast, neither nitrate 
(NO3-) nor ammonium (NH4+) additions had a significant effect on CO2 or CH4 production rates 
when added alone or with acetate. Greater CO2 and CH4 production from soils with added 
acetate were associated with lower redox potential, increased pH and increased hydrogen sulfide 
concentrations. The wetland sites had dissimilar methanogenic and sulfate reducing 
communities, which likely contributed to differences in CO2 and CH4 production among wetland 
sites. These data suggest that C loadings in wetland soils enhance both CO2 and CH4 efflux and 






Carbon (C) and nitrogen (N) pollution of estuaries from anthropogenic sources has increased 
as coastal populations have grown (Doney, 2010; Bianchi, 2011; Bauer et al., 2013). Within 
these estuaries, wetlands of varying salinity have been identified as long-term C sinks (Bridgham 
et al., 2006; Chmura et al., 2003; Mcleod et al., 2011; Kelleway et al., 2016). While C accrual in 
temperate wetlands (49 Tg C yr-1) is significant, this benefit is offset by methane (9 Tg C yr-1) 
and nitrous oxide (0.31 Tg N yr-1) effluxes from these low-oxygen ecosystems (Whalen, 2005; 
Murray et al., 2015; Hamdan and Wickland, 2016). How soluble C and N pollution, typical of 
urban estuaries, will affect wetland production rates of carbon dioxide (CO2), methane (CH4) and 
nitrous oxide (N2O) is unclear. A meta-analysis of estuarine-wide studies suggests that the 
delivery of labile C may enhance microbial activity and subsequent greenhouse gas (GHG) 
emissions throughout urban estuaries (Borges and Abril, 2011). However, few data exist that 
quantify the effects of C and N loadings on GHG production from reduced wetland soils.   
Wetland soils harbor a diverse consortium of microorganisms that regulate C and N cycling 
(Valiela and Teal, 1979; Howes et al., 1984; Blum et al., 2004; Barbier et al., 2011), with total 
microbial biomass estimated at ~104 cells per gram of soil (Curtis et al., 2002). In coastal 
wetland soils, sulfate reduction and methanogenesis are two significant metabolic pathways that 
are enhanced by low redox potential (Conrad, 1996). Given the diversity of microbe 
functionality (Benner et al., 1984; Liptzin and Silver, 2009), paired with the large microbial 
biomass, added labile C is likely to enhance CO2 and CH4 emissions through the degradation of 
added C and possibly affect the degradation rate of native organic C. The ratio of CO2 to CH4 
produced from tidal wetlands is positively correlated to salinity due to the resupply of sulfate 
from ocean waters and the higher energy yield from sulfate reduction (CO2 byproduct) compared 
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with methanogenesis (CO2 and CH4 byproducts) (Howarth and Teal, 1980; Oremland and Polcin, 
1982; Conrad, 1996; Kristensen et al., 2008; Bartlett et al., 1987; Poffenbarger et al., 2011). 
However, sulfate reduction and methanogenesis have been shown to occur simultaneously in 
soils with high organic C, or in experiments with C and/or N additions (Holmerand Kirstensen, 
1994; Kreuzwieser et al., 2003; Sutton-Grier et al., 2011; Chuang et al., 2016). In urban estuaries 
on-going C and N loading from runoff and wastewater may result in greater rates of 
methanogenesis than would be predicted based on the salinity gradient alone. 
In low redox soils, as compared with aerobic systems, facultative and obligate heterotrophic 
microbial communities utilize electron acceptors that yield less energy from the oxidation of 
organic C molecules for both anabolic and catabolic needs (Conrad, 1996; Megonigal and 
Schlesinger, 2002). These thermodynamic constraints result in reduced growth in anaerobic 
microbial communities (Hedin et al., 1998) and lower demand for N. This is evident in the lower 
C to N ratios of organic matter in anaerobic wetland soils (10:1) compared with aerobic soils 
(~20 - 25:1) (Reddy and DeLaune, 2008). The activity of microbial communities are often 
limited by the availability of electron donors, typically labile C (not N) for energy (Alewell et al., 
2008). The levels of nitrate (NO3-), iron, sulfate and CO2, alternative electron acceptors 
associated with anaerobic systems, are more likely to act as secondary controls on microbial 
activity (Vidon et al., 2010). Consequently, labile C from either natural or anthropogenic sources 
should have a larger impact on microbial activity in, and subsequent GHG production from, 
wetland soil than other pollution-derived nutrients (Guenet et al., 2010; Kane et al., 2013). 
However, relatively few studies have directly examined this with estuarine wetland soils.  
Anthropogenic loading of inorganic N into coastal wetland systems has long been thought to 
alter both microbial and plant community structures by relieving natural N limitations (Chapin, 
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1980; Bowen et al., 2009). Many studies have demonstrated that the productivity of saltwater 
marsh macrophytes and benthic algae are limited by insufficient inorganic N (Valiela and Teal, 
1974; Bertness et al., 2002; Deegan et al., 2007). N limitation in coastal wetlands is due, in part, 
by the low abundance of N-fixing microbes found in saline and brackish environments (Howarth, 
1988; Crain, 2007). Long-term, on-site N fertilization studies have shown deleterious, cascading 
effects from added N in coastal wetlands including a reduction in macrophyte root biomass, a 
loss of organic matter due to enhanced microbial respiration and a subsequent degradation of soil 
stability (Deegan et al., 2012). However, there is a relative dearth of N addition studies with both 
fresh temperate and urbanized wetland soils. The impact of N additions in these conditions is 
potentially insignificant because of substantial N fixation rates (1-3 g N m-2 yr-1) in fresh soils 
(Bowden, 1987), reduced N demand due to slow anaerobic growth mentioned previously, and 
excess N already sourced from anthropogenic sources in urban estuaries (Galloway et al., 1995). 
GHG production in wetlands are poorly constrained due to a lack of data and poor 
understanding of “control” parameters (e.g., pH, redox potential, organic substrates) resulting in 
largely inaccurate wetland biogeochemical process models (Bridgham et al., 2013). 
Consequently, the impact anthropogenic C and N additions will have on GHG is unclear. Many 
urban wetlands experience episodic pollution events when urban sewer systems overflow during 
storm events leading to inputs of untreated water containing C, N and other pollutants. Here we 
simulated a pollution event with C and N additions to determine how these increases impacted 
CO2 and CH4 production rates as well as potential shifts in microbial community composition. 
We hypothesized that i) inorganic N (NO3- or ammonium (NH4+)) additions would not affect 
CO2 and CH4 production rates; ii) labile C (acetate) additions would stimulate CO2 and CH4 
production rates with all wetland soils (sampled across the salinity gradient); and iii) the ratio of 
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CO2/CH4 would be positively correlated with salinity among wetland sites. Soil chemical and 
biological measurements, including microbial community composition, were also conducted to 
assist with interpreting CO2 and CH4 production rates from each wetland site. These data 
elucidate if added C and/or inorganic N associated with urban estuaries potentially enhance CO2 
and CH4 production with soils of varied salinity as well as inhibit the C storage capabilities of 
understudied urban wetlands.  
 
Materials and Methods 
Wetland site characteristics 
The wetland sites sampled for this study were Iona Island Marsh (II), Piermont Marsh (PM) 
and Saw Mill Creek Marsh (SM) in the Hudson River Estuary (HRE), New York, US (Fig. 1). 
These wetland sites are located along a salinity gradient in the tidal portion of the estuary ranging 
from brackish to mesohaline (Table 1). The dominant macrophyte was Spartina alterniflora at II, 
invasive Phragmites australis at PM and stunted Spartina alterniflora at SM (Yozzo et al., 
2005). These vegetation differences may have contributed to the differences in soil organic C 
and total N contents observed at these sites, as Spartina-dominated wetlands have been shown to 
produce more SOM compared with Phragmites-influenced soils (Liao et al., 2008). All three 
wetlands have a similar tidal range (~1 m) and area (Kiviat et al., 2006; U.S. Fish and Wildlife 
Service, 1997).   
In addition to the salinity gradient, these wetlands vary in their proximity to New York City 
(NYC) and are exposed to significantly different levels of anthropogenic pollution (Table 1; Fig. 
1). For example in NYC and many other shoreline communities in the lower HRE, the majority 
of C and N is sourced from both treated and non-treated sewage effluent (Howarth et al., 1996) 
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as opposed to tributaries that deliver terrestrial derived nutrients from watersheds to rivers in less 
developed ecosystems. Treated sewage is released continually while untreated sewage is released 
following episodic precipitation events (Ward, 2004). During these events, surface runoff and 
raw sewage are often combined into a single sewer system and expelled directly into local 
waterways where it is then transported to the Atlantic Ocean, Long Island Sound and as far as 
100 km upriver via tidal action (Brosnan et al., 2006). Consequently, these wetlands receive 
frequent but punctuated C and N additions, with an estimated magnitude (33 mmol C m-2 d-1 and 
7 mmol N m-2 d-1) dependent on each wetland’s distance from NYC (Griffith and Raymond, 
2011; Howarth et al., 1996).  
Field sampling 
At each wetland site, soil samples were collected from eight locations that were ~ 20 m from 
one another. At each sampling location, four soil cores (total n = 32 cores), 20 cm in length and 5 
cm in diameter, were collected within plastic core liners with a wetland soil corer (AMS Inc., 
American Falls, ID, US). All cores were removed from mudflats in direct contact to vegetation 
along tidal channels. Twenty liters of overlying water was collected in close proximity to soil 
coring locations at each site. Samples were collected from PM in April 2012, from II in July 
2013, and from SM in July 2014. The timing of collection dates was driven by logistics as the 
total time of each experiment was 45 days (including preparation) which couldn’t be conducted 
simultaneously. The well-known seasonal differences in microbial activity were mitigated with 
the incubation design (notably including a pre-incubation period and constant incubation 
temperature [25°C]). After soil was collected, the four replicate soil cores from each location 
were transported to the laboratory in an ice-cooled chest, while overlaying water was transported 
at ambient temperature. At the laboratory, soil cores were removed from their liners and placed 
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in sterilized plastic bags at 4°C and overlying water was filtered with a 0.22 micron Sterivex 
filter (EMP Millipore, Billerica, MA, US), autoclaved, degassed and stored at 4°C. In separate 
visits, to the same locations (within each wetland site), during July 2015 (SM), August 2015 (II) 
and September 2015 (PM) soil cores were collected to measure bulk density. During these 
second visits soil was also collected for molecular analysis, placed immediately on dry ice, and 
then transferred into a -80°C degree freezer for storage. 
Laboratory incubation experiments 
We sampled soil at eight locations per wetland site to account for the high spatial variability 
found in most wetlands (Reddy and DeLaune, 2008). These eight replicates were maintained for 
each of the lab incubation experiments as statistical replicates. Prior to subsampling, replicate 
(n=4) soil cores from each location were homogenized. Approximately 40 g of soil (dry-soil 
equivalent) was inserted into a Mason jar fit with an anaerobic chlorobutyl septa (Bellco, 
Vineland, NJ, US), 200 mL of processed overlying water was added, and the slurry was shaken 
at 180 osc/min for 10 minutes using a reciprocal shaker (Eberbach, Ann Arbor, MI, US). All the 
incubation vessels were flushed with N2 to remove O2 from both the headspace and water. A 
two–week “pre-incubation” period was conducted at 25°C (i.e., before additions) to reduce 
disturbance and homogenization effects. At the end of the “pre-incubation” period all units were 
flushed with N2 again  
The end of the pre-incubation period was initiated by an additional N2 flush followed by a 10 
mL amendment to establish the following treatments; no amendment (deionized water); NO3-; 
NH4+; acetate; acetate + NO3-; and acetate + NH4+ additions to initiate the two week incubation 
at 25°C. CO2 and CH4 headspace concentrations were measured every 24 hours and 48 hours, 
respectively. Headspace samples were analyzed using an EGM-4 infrared gas analyzer (PP 
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systems, Amesbury, MA) and 5890 gas chromatograph (HP, Brielle, NJ) equipped with a flame 
ionization detector and molecular sieve column. The volume of gas extracted from the headspace 
of incubation vessels was replaced with the same volume of N2 after sampling. Total CO2 and 
CH4 headspace concentrations were calculated from the partial pressures of each gas using the 
ideal gas law. Total dissolved CO2 (aq) was calculated using the solubility constant of CO2, the 
value of which depended on the salinity of each individual vessel (Weiss, 1974). Determination 
of bicarbonate (HCO3-) (aq) was calculated based upon the CO2 (aq) concentration and pH as 
well as its dissociation constant (Stumm and Morgan, 1981). The amount of CH4 dissolved in the 
liquid was negligible (<3%) and wasn’t included in calculations. 
The amount of acetate C added was 4 mg per g of soil (dry soil equivalent), which ranged 
between 1.5 to 3.5% of the soil organic C on a per mass basis from the three wetland sites. This 
C addition simulated the C loading expected following a typical storm event in the HRE (Griffith 
and Raymond, 2011; Yoon and Raymond, 2012). Nitrogen was added at a rate of 1 mg N per g 
soil as NO3- or NH4+ to N addition treatments to simulate the ratio of C to N of HRE waters 
during pollution events (Howarth et al., 1996). Acetate was chosen as the C addition because it is 
one of the simplest forms of organic C available in anaerobic soils. As the product of complex 
fermentative decomposition of plant products, Acetate should be commonly present in sewage 
polluted environments and readily used by many methanogens and sulfate reducers, as well as 
other heterotrophs found in wetlands (Reddy and DeLaune, 2008; Ye et al., 2015). The addition 
of acetate bypasses more complex fermentation and decomposition processes and provides 
insight to GHG emission potential from anthropogenic additions. NO3- and NH4+ were chosen as 
forms of N that are typical of anthropogenic pollution in the tidal HRE. The PM incubation had 
two important differences compared to the II and SM incubations: i) no NO3- or NO3- + acetate 
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addition and ii) a different amount of soil (60 g dry soil) and processed overlying water (300 ml) 
was used – albeit the same ratio. The PM incubation was conducted first and exploratory NO3- 
addition measurements led to including the treatment alone and with acetate in both the II and 
SM incubations. The amount of soil and water was slightly modified to facilitate headspace 
measurements.  
At the end of the incubation, temperature, pH, redox, salinity, dissolved oxygen (O2) and 
hydrogen sulfide (H2S) of the soil slurries were measured with the Micro Observatory sensor 
system (Analytical Instrument Systems, Ringoes, NJ). Each incubation unit was homogenized 
with the Fixed Speed Reciprocal Shaker with the same settings mentioned previously. Lastly, 
slurry samples were vacuum filtered utilizing Whatman 42 filter paper (GE Healthcare, 
Buckinghamshire, UK). Filtered water samples were stored at -20°C and soil samples were 
stored at -80°C prior to analyses.   
Post-incubation chemical, genetic and statistical analyses  
Filtered water samples were analyzed for NO3-, NH4+ and non-purgeable organic C, herein 
will be referred to as dissolved organic carbon (DOC) a technical near equivalent and more 
common usage, from each unit. Inorganic N concentrations were determined using standard 
colorimetric assays (Weatherburn, 1967, Doane and Horwath, 2003) performed with a Synergy 
H1 plate reader (Biotek, Winoski, VT, US) and DOC concentrations were measured by the high-
temperature combustion method (APHA, 2012) on a TOC-V CSH analyzer (Shimadzu Inc., 
Kyoto, JP). Organic C and total N in soil were quantified after a hydrochloric acid fumigation 
(Harris et al., 2001) with a 4010 CHNSO elemental analyzer (Costech Inc., Valencia, CA, US).  
A subset (n=16) of pre-incubation, no amendment addition and acetate addition treatments, 
as well as field samples, were selected for high throughput 16S rRNA gene sequencing to 
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evaluate microbial community composition (Ronaghi and Elahi, 2002). Following nucleic acid 
extraction using the PowerSoil kit (MoBio Laboratories, Carlsbad, CA), quantification with a 
Qubit fluorometer and 16S rRNA gene amplification with universal 8F 
(5′AGRGTTTGATCCTGGCTCAG-3′) and 1492R (5′-CGGCTACCTTGTTACGACTT-3′) 
primers, gel electrophoresis was used to confirm DNA product size and the lack of amplification 
from negative control samples. DNA was then sent for parallel bacterial and archaeal 454 
amplicon pyrosequencing (Roche 454 FLX titanium) using both the eubacterial primer 27F and 
archaeal primer 349F at Molecular Research DNA labs (MRDNA, Shallowater, TX, US), as 
detailed by Dowd et al. (2008) and O’Mullan et al. (2015). The resulting 454 sequences were 
processed with the QIIME software package (Caporaso et al., 2010), using split_libraries.py 
sequences were trimmed to remove barcodes and primer sequences, as well as sequences with 
average Phred quality scores below 25. Sequences with less than 200 base pairs, more than 6 
ambiguous bases, or homopolymers longer than six base pairs, were removed from downstream 
analyses. The remaining sequences were then binned into Operational Taxonomic Units (OTUs) 
at 97% similarity against SILVA’s reference database (release 123). For Bacterial OTUs, 
unassigned sequences that did not match against SILVA’s reference database as well as archaeal, 
mitochondrial and chlorophyte sequences were removed. Corresponding sequences were also 
removed for Archaeal OTUs. Bacterial and Archaeal OTUs were then merged using 
merge_otu_tables.py in QIIME and binned at the genus level for subsequent analyses. The 
relativized data (# of sequences per either “genus” or “class”, depending on the analyses, divided 
by total sequences) output were analyzed with non-metric multidimensional scaling using PC-
ORD (v 6.0). DNA sequence files from these analyses are available from the National Center for 
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Biotechnology Information (https://www.ncbi.nlm.nih.gov/sra) associated with Bioproject 
PRJNA415514 under accession numbers SRS2621149 to SRS2621196.    
To facilitate analyses, CO2 and CH4 production rates were normalized (square root) to ensure 
assumptions necessary for analysis of variance (ANOVA) tests including normality were met.  
Blocked (by sampling location) repeated measures ANOVAs were utilized to test for significant 
differences between time points and treatments. Post-hoc Tukey paired t-tests were used to 
compare treatments within each incubation study (i.e., site). To analyze differences between 
treatments for all other parameters including total C produced as CO2 and CH4, salinity, pH, 
redox, hydrogen sulfide concentration, as well as DOC, NO3- and NH4+ concentrations, blocked 
(by sampling location) one-way ANOVAs were used. All of the following statistical tests were 
conducted using SYSTAT (2009, v.13.0, Systat for Windows software, San Jose, CA).   
 
Results 
Effect of C and N additions on CO2 and CH4 production rates 
Acetate additions to soils enhanced CO2 production rates from soil slurries among all wetland 
soils vs. no amendment controls. For all sites and all treatments, CO2 production rates were 
highest during the first three days of the incubation and decreased throughout the course of the 
14-d studies. Soils with added acetate (i.e., acetate, acetate + NO3- and acetate + NH4+) resulted 
in greater CO2 production rates between days 4-11 after treatment additions vs. the no 
amendment (negative control) or N addition (NO3- and NH4+) treatments (Fig. 2). Average CO2 
production rates across the 14-d incubations for non-acetate (i.e., no amendment, NO3-and NH4+) 
treatments varied from 98 ± 5 µg CO2-C g-1 soil C day-1 for II soil, 158 ± 9 µg CO2-C g-1 soil C 
day-1 for the PM soil and 158 ± 42 µg CO2-C g-1 soil C day-1 for the SM soil. Conversely, 
118
average CO2 production rates for acetate addition treatments were consistently elevated at 199 ± 
7, 270 ± 44 and 240 ± 15 µg CO2-C g-1 soil C day-1 at II, PM and SM, respectively. Repeated 
measures ANOVA demonstrated significant overall differences in CO2 production rates among 
treatments for the all incubations (p<0.006). Significant differences in CO2 production rates were 
also observed among sampling locations (n=8) for II and SM soils (Table S1; p<0.001). There 
was a significant interaction (p<0.001) between time and CO2 production for each treatment with 
all three wetland soils.  
Both the II and SM soil incubations had negative CO2 production rates on days 2-3 of the 
experiment for the acetate + NO3- addition treatments. This was short lived and production rates 
were similar to the other C addition treatments after 3 days. This phenomenon was observed in 
two additional preliminary experiments (data not shown), with similar negative production rates 
after acetate and NO3- were added to soil. Lastly, a sterile control treatment was tested (23 ± 4 µg 
CO2-C g-1 soil C day-1), which demonstrated that all observed effects, reported above, were 
predominantly from biological activity, and not from abiotic transformations or handling effects. 
Acetate addition treatments demonstrated increased CH4 production rates for all three soils 
after treatment additions compared with the no amendment and +N addition treatments (Fig. 3).  
Acetate additions resulted in peak CH4 production rates on or before day 10 after additions (PM 
and SM soils) or continued to increase throughout the incubation period (II soil). Non-acetate 
treated soils showed similar CH4 production rates throughout the course of the experiment for all 
three soils. Unlike CO2, CH4 production rates were inversely correlated with salinity with, by far 
the greatest rates observed from the II wetland soil (Fig. 3). Average CH4 production rates from 
non-acetate addition treatments were less than 1 µg CH4-C g-1 soil C day-1 for all soils while 
average CH4 production rates for acetate addition treatments were 50 ± 23, 42 ± 12 and 0.5 ± 0.2 
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µg CH4-C g-1 soil C day-1 for II, PM and SM soils, respectively. Repeated measures ANOVA 
demonstrated significant differences for CH4 production rates among treatments (p<0.001 for all 
wetlands), time and time*treatment for each wetland incubation with differences between 
locations within wetlands only observed with the II incubation (Table S2). There was substantial 
variability in CH4 production rates among sampling locations for all three wetland soils studied. 
C produced as CO2 was similar among the three wetland soils.  Total CO2-C produced was 
significantly greater (p<0.001) between acetate and non-acetate treatments for all wetland 
incubations and between IM and SM sites as demonstrated by ANOVA and post-hoc Tukey tests 
(Tables S3a and 3b). Figure 4a illustrates that +N treatments produced similar total CO2-C vs. 
the no amendment treatment whereas NO3- additions inhibited production for the SM soil. 
Relative to no amendment treatment, acetate additions resulted in 1.4 to 2.0X greater CO2-C 
produced for the three wetland soils. Total C evolved as CH4 throughout the three 14-d 
experiments was negatively correlated (r2=0.81) with overlying water salinity. C produced as 
CH4 was greatest with the brackish (0-6 mg L-1 salinity) incubation (II), followed by lower 
mesohaline (0-12 mg L-1 salinity) incubation (PM), both of which were an order of magnitude 
greater than the mesohaline (17-27 mg L-1 salinity) incubation (SM). Figure 4b illustrates that 
acetate addition treatments produced significantly greater total CH4-C over the course of the 
incubation vs. the no amendment treatment. Compared with no amendment soils, acetate 
additions resulted enhanced (10-300X) CH4-C produced among all three soils (Fig. 4b). Similar 
to CO2-C production, total CH4-C was demonstrated in post-hoc Tukey tests to be significantly 
different (p<0.001) among treatments for all soils with acetate treatments exceeding those with 
no acetate added (i.e., +N or no amendment treatments; Tables S3a and S3b).   
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Post-incubation chemical properties 
At the end of the 14-d studies, soil slurry pH, salinity, redox and hydrogen sulfide 
concentrations were affected by treatments in each of the three wetland sites (Table S4a). Post-
hoc Tukey analyses demonstrated that acetate additions significantly increased  pH compared 
with non-acetate additions treatments for all three wetland soils (Table 2; Table S4b). Redox 
measurements demonstrated that acetate addition treatments largely resulted in more reduced 
conditions for all wetland soils.  Similar to CH4 production rates, redox showed high levels of 
within-site variability (n=8) for all three wetland incubations. Lastly, hydrogen sulfide (SM 
incubation only) was quantifiable (7- 25 ppm) for the acetate addition treatments and 
undetectable for all non-acetate treatments (Table S4b). 
DOC, NO3-, and NH4+ concentrations were measured at the end of the II, PM and SM 
incubations (Table 3). Overall, post-hoc Tukey analyses demonstrated that acetate and/or +N 
additions resulted in significantly greater concentrations of DOC and/or N compared with their 
corresponding no amendment treatments (Tables S5a and S5b). For all soils, more extractable 
NH4+ was measured at the end post-incubation (24–34 ppm) for both NH4+ and acetate + NH4+ 
addition treatments vs. no amendment treatments (2-3 ppm). In contrast, the majority of soils that 
received added NO3- had depleted concentrations (<0.5 ppm) post-incubation with the exception 
of the NO3- treatment for the II soil which had a NO3- concentration of 21 ± 10 ppm post-
incubation. Lastly, II (96 ± 44 ppm), PM (20 ± 6 ppm) SM soils (20 ± 8 ppm) with acetate 
addition treatments had larger DOC pools vs. the no amendment treatments (range 11-16 ppm) 




Microbial community composition 
Non-metric Multidimensional Scaling demonstrated that each wetland site harbored distinct 
Bacterial and Archaeal communities (Fig. 5). Within each site, microbial communities were the 
most dissimilar between field measurement and after incubation treatments (i.e., pre-incubation, 
no amendment addition and acetate addition). An overlapping 2nd matrix (Table 4) of microbial 
groups at the class levels shows that methanogenic associated taxa, such as methanobacteria and 
methanomicrobia, have vectors correlated with II site (i.e., freshest site). Overall, the sequence 
analyses of 16S rRNA genes (454) from field sampled soil, pre-incubation, no amendment 
addition and acetate addition treatments resulted in greater than 10,000 Archaeal and Bacterial 
sequence reads.   
The vast majority (>99%) of methanogen sequences fell into either the methanomicrobiales 
(33%) or methanosarcinales (67%) orders. The methanosarcinales order is predominantly 
acetoclastic methanogens while the methanomicrobiales order is hydrotrophic methanogens but 
requires acetate for a basic C source (Kendall and Boone, 2006; Garcia et al., 2006). Among sites 
the total relative abundance of methanogens varied according to salinity with 0.1%, 5.7% and 
9.7% for SM, PM and II wetlands respectively (data not shown). The CH4 oxidizer order 
methanomassiliicoccales accounted for 3.0 to 10.4% of total relative abundance at the three sites 
with no significant differences among sites or treatments (including field site sequences). 
Similarly to methanogenic classes, large differences were observed in the classes known to have 
sulfate reducers (relative abundances ranged from 1.9 to 3.2% at the 3 wetland sites) and 
hydrogen sulfide oxidizers (relative abundances ranged from 1.0 – 3.7% at the three wetland 
sites). However, unlike methanogenic classes, differences in relative abundance were observed 
for sulfate reducers and sulfide oxidizers among treatments. For example, in the acetate addition 
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treatment from the SM incubation sulfate reducers and sulfide oxidizers accounted for 9.5 and 
4.0% of total relative abundance, respectively, compared with the other treatments (relative 
abundances of 3.9 % for sulfate reducers and 2.7% for sulfide oxidizers).  
 
Discussion 
CO2 and CH4 production wasn’t affected by NH4+ or NO3- amendments  
The addition of NO3- or NH4+ did not enhance rates of CO2 nor CH4 production with any 
wetland soil compared with unamended soils supporting hypothesis I (Fig. 4). In the absence of 
aerobic respiration, denitrification is the next most efficient catabolic process (Conrad, 1996). 
NO3- concentrations at the end of the 14-d experiments were low (<0.5 ppm) in all treatments 
across all sites with the exception of the added NO3- treatment from the II wetland study (Table 
3). NO3- added in all other treatments was depleted post-incubation, indicating pool exchange 
and/or potentially enhanced denitrification rates similar to other slurry experiments with marine 
sediments (Rivera-Monray et al., 2010). However, any increase in denitrification in the NO3- 
addition treatments, if it occurred at all, was balanced by less CO2 production from other 
anaerobic processes resulting in no net CO2 enhancement. Significantly greater (16X) NH4+ 
concentrations were quantified in the NH4+ and NH4+ + acetate addition vs. no amendment 
treatments from the filtered water post-incubation (Table 3). In the soil slurry incubations, the 
redox conditions were heavily reduced, suppressing the nitrification pathway and possibly 
leaving NH4+unutilized, minimizing any potential pool exchange - a phenomenon which has 
been observed in similar incubation studies or in severely reduced field conditions (Mendelssohn 
and McKee, 1988; Plata et al., 2014, Lee et al., 2017). These data suggest that the N was not a 
limitation to anaerobic metabolism for all three wetland soils. In the HRE, an estuary with a 
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century long legacy of inorganic N loading, further additions will likely have no or limited effect 
on the production of CO2 or CH4 (Brosnan et al., 2006). 
CO2 and CH4 production was enhanced by acetate amendments  
We found that acetate additions enhanced CO2 and CH4 production rates in all three wetland 
soils supporting hypothesis II (Figs. 2 and 3). Across all three sites CO2 production rates 
increased 1.4-2X for acetate treatments compared with unamended treatments. The total C 
produced as CO2 per gram of soil C was not significantly different among the three soils (for 
either non-acetate or acetate addition treatments), despite the varying vegetation, salinity and 
microbial communities found at each site (Fig. 4a). The biogeochemical and microbial data 
indicate that CO2 produced in these incubations were primarily from anaerobic processes. The 
similar production rates suggest that total microbial activity was similar and microbial 
community redundancy supported equivalent levels of production when a labile C source was 
added (Nottingham et al., 2009; Pascault et al., 2013; Ye et al., 2015). These data support the 
conclusion that in anaerobic systems, the availability of electrons (or energy) is likely the 
limiting variable (Vidon et al., 2010; Sutton-Grier et al., 2011). Since N and especially C 
additions to soil slurries with temperate wetland soils are largely absent from the literature 
(although field N additions are frequent) to validate the magnitude and patterns of GHG 
production rates observed here, we compared our results to those produced from rice paddy soils. 
We found that the rates of CO2 production (g-1 soil C day-1) observed in the soil slurry 
incubations were approximately an order of magnitude lower for both C amended (rice straw 
additions) or un-amended soils observed by Ye et al. (2016) and Ye et al. (2015) and 2X lower 
than the rates observed by Yuan et al. (2014) in rice paddy soil incubations. The explanation for 
these differences are not entirely clear, but rice paddy soils are notable for the management 
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practice of exposing soils to alternating (wet/dry) redox conditions leading to pulses of enhanced 
activity during the re-establishment of initial anaerobic conditions (Hanke et al., 2013; Ye and 
Horwath, 2017).  
CH4 production rates were enhanced approximately 1 (SM) to 2 (PM and II) orders of 
magnitude with acetate addition compared with unamended soils, and rates at the three sites were 
negatively correlated to salinity supporting hypothesis III (Fig. 3). But, similar to CO2, CH4 
production rates were an order of magnitude lower than CH4 production produced from slurries 
utilizing rice paddy soils, again, potentially explained by enhanced microbial activity due to 
rewetting dried rice patty soils. The timing of maximum CH4 production rates were similar to 
previously highlighted soil slurry studies conducted with rice paddy soils (Yuan et al., 2014; 
Conrad et al., 2012) as well as with saturated tropical soils (Teh and Silver, 2006), with increased 
rates observed on day 8 and later in the incubations. This result is expected as the activity of 
methanogenic microorganisms are energetically constrained, reproduce slowly and thereby will 
present a lag in production compared to other metabolic pathways, which produced CO2 (Brock, 
2012). These data suggest that the addition of acetate enhanced both CO2 and CH4 production 
likely by providing a readily decomposable energy source.  
Post-incubation pH and redox measurements described similar energetic conditions among 
the three wetland sites (Table 2). Acetate additions resulted in a consistent shift in soil slurry pH, 
redox and hydrogen sulfide concentrations compared with non-acetate treatments. Production 
rates of CO2 and CH4 indicate that anaerobic respiration was enhanced with acetate additions, 
and this microbial activity was reflected in lower redox values and increased alkalinity at all 
three sites. The majority of anaerobic metabolic pathways consume electron acceptors, which 
lowers redox values and enhances alkalinity through the consumption of free H+ ions (Conrad, 
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1996; Lamers et al., 2012). The enhanced hydrogen sulfide concentrations and the significantly 
lower redox values in acetate addition treatments illustrate a transition from facultative to 
obligate anaerobic activity across all wetland sites with added C (Fiedler et al., 2007). DOC 
concentrations in post-incubation slurry water (Table 3) were similar among the three 
unamended soils (13 ± 2 mg C kg-1 averaged across sites) and were similar in magnitude to the 
acetate addition treatments for the PM and SM soils (21 ± 2 mg C kg-1). Unlike the saline SM 
and lower mesohaline PM sites, in the fresher, brackish site (II), acetate additions resulted in a 
much larger DOC pool post-incubation compared with the non-acetate treatments (96 ± 15 mg C 
kg-1). These data suggest that the SM and PM sites were much more C limited than the brackish 
II site. This difference is reflected in the higher soil C content found at the II site compared with 
more saline PM and SM sites (Bridgham et al., 2006).  
Microbial community abundance was associated with wetland sites not treatment 
There were clear differences amongst the relative representation of microbial classes for both 
wetland sites and treatments. For all sites, no apparent differences in relative sequence 
representation were present for major methanogenic classes among field, pre-incubation, no 
addition or acetate addition (Fig. 5). These data indicate that increases of CH4 production 
observed in acetate treatments notably from PM and II wetland sites were likely caused by an 
increase in methanogenic activity rather than large increases in the relative abundance of 
methanogenic microbes. While there were differences in the relative representation of CH4 
oxidizers among sites there were no significant differences between treatments (including field 
site sequences). However, given the low redox conditions it is unlikely that significant aerobic 
CH4 oxidization occurred. The potential impact these groups may have in the field were not 
observed in these experiments.  
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The sulfate reduction and oxidation pathways are more complex than the CH4 pathways, with 
a far greater number of substrate intermediates, linked metabolic pathways (such as iron 
reduction), as well as flexible microbial classes capable of multiple metabolic pathways 
dependent on oxygen and nutrient conditions (Brock, 2012). Consequently, it is difficult to 
interpret the sequencing data associated with this metabolic pathway in the context of the CO2 
and CH4 production rates from the incubation experiments. However, the large differences in the 
relative representation of classes known to have sulfate reducers and hydrogen sulfide oxidizers 
are likely driven by the salinity differences between the sites. Acetate additions increased the 
relative representation of both sulfate reducers and sulfide oxidizers in the SM incubation but 
decreased their relative representation in the PM and II incubations potentially due to more 
favorable conditions for methanogens in the incubations with less saline soils.  
 
Conclusion 
These results highlight the importance of labile C, and not inorganic N, as a major driver of 
CO2 and CH4 production rates from temperate wetland soils that include a range of salinities and 
background levels of long-term pollution loading. Overall CO2 production rates were not 
significantly different among sites with increased production of 1.5-2X in response to acetate 
additions compared with unamended soils. CH4 production rates however, were both 
significantly different among sites and were up to two orders of magnitude greater (>100X) 
in response to acetate additions compared with unamended soils. These differences in CH4 
efflux lead to much higher estimates of the global warming potentials (CO2 equivalents) from 
these soils with added acetate (1782 ± 830, 1289 ± 263 and 245 ± 27 µg C day-1 g-1 dry soil C for 
II, PM and SM, respectively) compared with unamended soils (109 ± 12, 157 ± 16 and 164 ± 17 
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µg C day-1 g-1 of dry soil C for II, PM and SM, respectively) during the incubation period. The 
enhanced response of CH4 production from II (brackish) and PM (lower mesohaline) soils to C 
amendment was responsible for the majority of enhanced CO2 equivalents from these two soils 
compared to the no amendment treatments. Given these data, C and N pollution from urban 
centers have the potential to increase GHG production from the environmental in tidal and/or 
fresh water soils, a GHG source that is largely unaccounted for in city and/or urban emission 
budgets. 
As expected, CH4 production was inversely correlated to salinity among wetland soils as 
observed elsewhere (Martens and Berner 1974; King and Weibe, 1980; Castro et al., 2002; 
Weston et al., 2006). This relationship is likely driven by the repression of methanogenesis by 
sulfate reduction, which utilizes a more energetically favorable electron acceptor (Conrad, 1996) 
with SM (17-27 mg L-1) and to a lesser extent, PM (0-12 mg L-1) soils. Our data supports this 
statement as acetate additions enhanced H2S concentrations with SM soils (Table 2) while sulfate 
reducers were found at progressively greater relative abundances at more saline sites (Fig. 5). 
Despite differences in CH4 production in response to C additions, the amount of C mineralized as 
a percent of the addition was low (<20 %) for all wetland sites, indicating that despite enhanced 
GHG production from C additions urban wetland soils still have the potential to absorb the 
majority of C. Our data reinforce the management-relevant conclusion that fresh water wetlands 
are much more susceptible to increased GHG emissions and climate forcing from labile C 
loading (Weston et al., 2011). Therefore the location of pollution discharge within estuarine 
salinity gradients, and perhaps even the timing relative to tidal action, is relevant to the 
climate-related impact of C loadings into estuaries. 
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This investigation focused primarily on methanogenic metabolic pathways and did not 
include measurements of denitrification and the tightly linked iron oxidation/reduction processes 
(Keller et al., 2013; Laufer et al., 2016). Denitrification, which produces N2O, a GHG with 298X 
warming potential compared with CO2 over a 100 yr period (Ciais et al., 2013) may have a 
greater climate impact in urban temperate wetlands especially when experiencing NO3- pollution 
than the anaerobic processes examined here. The soil slurry experimental design used in this 
study enabled high replication, but may have altered the biogeochemical processes (Teh and 
Silver, 2006) by limiting naturally occurring nitrification and/or methanotrophy.  
The climate impact anthropogenic C and N loading has on temperate wetland ecosystems is 
unclear, in part, because of the large uncertainty in current worldwide GHG emission estimates 
for these ecosystems (Mcleod et al., 2011). These uncertainties are largely driven by lack of data 
(especially for CH4 production) from temperate wetlands, which are characterized by 
heterogeneous geomorphology with large temporal and spatial variation of biogeochemical 
parameters making it difficult to scale small data sets with regional and global models (Riley et 
al., 2011; Davidson & Janssens, 2006). Another important controller over GHG production from 
estuaries, is the availability of C and N substrates, which ranges widely in natural and human 
impacted ecosystems and are not adequately represented by current process-rate models 
(Bridgham et al., 2013). This study provides further impetus to generate more data from urban 
estuaries as C inputs were demonstrated to have a large potential to enhance GHG production in 
our incubations. More field measurements of CO2, CH4 and N2O efflux (and associated 
biogeochemical parameters) from varied wetlands will help fill the above need as well as 
ascertain both “hotspots” and “hot moments” of GHG production, a likely scenario for microbial 
communities in anaerobic soils which receive regular, but also pulsed, delivery of urban C and N 
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(Guenet et al., 2010; McClain et al., 2003). Additional measurements will further elucidate the 
capabilities of estuarine wetlands to act as C sinks, a role which is potentially lessened by 
enhanced anaerobic respiration via anthropogenic C additions.   
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Table 2. Biogeochemical properties post-incubation 
Treatment  Wetland 
 II  PM  SM 
pH          
Pre-incubation  6.66 (0.09)  6.88 (0.03)  6.85 (0.05) 
No amendment  6.70 (0.05)  6.75 (0.04)  6.90 (0.04) 
NO3-  6.84 (0.05)  NM  7.05 (0.03) 
NH4+  6.66 (0.06)  6.75 (0.04)  6.88 (0.03) 
Acetate  7.09 (0.04)  7.74 (0.16)  7.46 (0.04) 
Acetate + NO3-  7.28 (0.02)  NM  7.58 (0.02) 
Acetate + NH4+  7.05 (0.03)  7.37 (0.06)  7.52 (0.03) 
Salinity (mg L-1)          
Pre-incubation  0.49 (0.01)  6.26 (0.04)  15.3 (0.29) 
No amendment  0.46 (0.01)  6.33 (0.09)  15.4 (0.15) 
NO3-  0.60 (0.02)  NM  14.9 (0.25) 
NH4+  0.66 (0.01)  6.54 (0.04)  15.6 (0.04) 
Acetate  0.72 (0.01)  6.42 (0.09)  17.1 (0.30) 
Acetate + NO3-  0.82 (0.01)  NM  17.6 (0.42) 
Acetate + NH4+  0.93 (0.01)  6.37 (0.07)  17.4 (1.20) 
Redox (mv)          
Pre-incubation  -215 (31)  -65 (11)  -209 (22) 
No amendment  -89 (40)  -61 (11)  -161 (18) 
NO3-  +63 (20)  NM  -120 (21) 
NH4+  -109 (12)  -118 (26)  -158 (24) 
Acetate  -220 (06)  -297 (29)  -367 (09) 
Acetate + NO3-  -238 (08)  NM  -336 (17) 
Acetate + NH4+  -240 (05)  -405 (22)  -352 (14) 






No amendment    LOD 
NO3-    LOD 
NH4+    LOD 
Acetate    6.9 (2.2) 
Acetate + NO3-    24.4 (9.1) 
Acetate + NH4+    13.5 (4.8) 
 
Data summarize concentrations of biogeochemical parameters in filtered water samples 
Parameters that are abbreviated include hydrogen sulfide (H2S), Iona Island Marsh (II), Piermont Marsh 
(PM), Saw Mill Creek Marsh (SM), not measured (NM) and limit of detection (LOD; <0.15 ppm) 
Treatments include pre-incubation, no amendment (or negative control), nitrate addition (NO3-), 
ammonium addition (NH4+), acetate addition, acetate + nitrate addition (acetate + NO3-), and acetate + 
ammonium additions (acetate + NH4+) 
Data are averages ± standard errors (n=8) 
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Table 3. DOC and dissolved inorganic N post-incubation 
 
Treatment  Wetland 
 II  PM  SM 
DOC concentration (ppm)        
Pre-incubation  11.10 (1.07)  11.50 (0.98)  13.30 (0.90) 
No amendment  11.40 (1.51)  12.20 (1.92)  16.00 (2.60) 
NO3-  9.37 (1.10)  NM  11.40 (1.33) 
NH4+  9.40 (0.91)  11.80 (0.69)  13.80 (1.19) 
Acetate  96.30 (15.7)  20.40 (2.02)  20.30 (3.02) 
Acetate + NO3-  75.00 (10.2)  NM  23.20 (2.99) 
Acetate + NH4+  80.80 (11.5)  23.40 (3.95)  19.50 (1.08) 
NH4+ concentrations (ppm)        
Pre-incubation  1.55 (0.11)  2.49 (0.52)  2.05 (0.16) 
No amendment  1.68 (0.13)  1.75 (0.46)  2.55 (0.41) 
NO3-  3.55 (0.27)  NM  2.55 (0.34) 
NH4+  30.10    (1.79)  38.00 (3.41)  40.90 (1.05) 
Acetate  0.47 (0.20)  1.36 (0.28)  0.90 (0.09) 
Acetate + NO3-  0.20 (0.07)  NM  4.64 (2.85) 
Acetate + NH4+  18.00 (1.07)  28.7 (2.05)  26.50 (2.70) 
NO3- concentrations (ppm)        
Pre-incubation  LOD  LOD  LOD 
No amendment  LOD  LOD  LOD 
NO3-  20.80 (3.52)  NM  LOD 
NH4+  LOD  LOD  LOD 
Acetate  LOD  LOD  LOD 
Acetate + NO3-  0.46 (0.11)  NM  LOD 
Acetate + NH4+  LOD  LOD  LOD 
       
Data summarize concentrations of dissolved organic carbon (DOC), ammonium (NH4+) and nitrate (NO3-) 
in filtered water sample 
Parameters that are abbreviated include dissolved organic carbon (DOC conc.), ammonium (NH4+), 
nitrate (NO3-), Iona Island Marsh (II), Piermont Marsh (PM), Saw Mill Creek Marsh (SM), not measured 
(NM) and limit of detection (LOD; <0.15 ppm) 
Treatments include pre-incubation, no amendment (or negative control), nitrate addition (NO3-), 
ammonium addition (NH4+), acetate addition, acetate + nitrate addition (acetate + NO3-), and acetate + 
ammonium additions (acetate + NH4+) 




Table 4. Coordinate values from NMDS analysis 
Class  Axis 1  Axis 2  Functional group 
Thiotrichales  -0.882  0.097  sulfide oxidizer 
Chromatiales  -0.810  0.050  sulfide oxidizer 
Desulfobacterales  -0.768  0.111  sulfate reducer 
Rhizobiales  -0.436  0.260  methanotroph 
Desulfarculales  -0.394  0.138  sulfate reducer 
Desulfuromonadales  -0.325  0.194  sulfate reducer 
Ignavibacteria  -0.275  0.413  sulfide oxidizer 
Desulfovibrionales  -0.226  0.057  sulfate reducer 
Acidithiobacillales  0.000  -0.003  sulfide oxidizer 
Clostridia  0.035  0.000  sulfate reducer 
Thermoplasmata   0.066  -0.014  methanotroph 
Syntrophobacterales  0.067  0.199  sulfate reducer 
Methylococcales  0.070  0.354  methanotroph 
Hydrogenophilales  0.210  0.000  sulfide oxidizer 
Methanobacteria  0.287  -0.094  methanogen 
Nitrospira  0.363  0.320  sulfate reducer 
Methanomicrobia  0.980  0.001  methanogen 
 
Table presents coordinate values generated from Non-metric dimensional scaling (NMDS) analysis for an 
overlaid 2nd matrix of microbial classes 
Classes were used for analyses as a proxy for associated microbial functional groups (i.e. sulfate 
reducers) 
Negative values for Axis 1 are associated with Saw Mill Creek Marsh (SM) soil while positive values are 
associated with Iona Island Marsh (II) soil 
134
Figure 1. Map of lower HRE
Map details the lower �dal Hudson River Estuary (HRE) and the loca�on of each wetland site in 
rela�on to Manha�an - located in the New York City (NYC) metro area, the Atlan�c Ocean and 
the Long Island Sound. Saw Mill Creek Marsh (SM) is located within NYC and with its close 
proximity to the Atlan�c Ocean has a mesohaline environment. Piermont Marsh (PM) and Iona 
Island Marsh (II) are located 40 and 73 kilometers upriver from NYC and consequently have 
progressively fresher environments.
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Figure 2. CO₂ produc�on rates
Carbon dioxide (CO₂) produc�on rates (CO₂ [g] + CO₂ [aq]) were measured approximately every 
24 hours for each incuba�on. Graphs demonstrate the s�mulatory effect of acetate treatments 
(but not +N) among all soils for CO₂ produc�on. Data are means ± standard errors (n=8). Bicar-
bonate (HCO₃-) concentra�on was not included here as pH measurements were only made 
post-incuba�on (vessel breakdown). Treatments included no amendment (or nega�ve control), 
nitrate addi�on (NO₃-), ammonium addi�on (NH4+), acetate addi�on, acetate + nitrate addi�on 
(acetate + NO₃-) and acetate + ammonium addi�ons (acetate + NH₄⁺).
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Figure 3. CH₄ produc�on rates
Methane (CH₄) produc�on rates measured approximately every 48 hours from all incuba�ons. 
The insert for Saw Mill Creek Marsh (SM) panel was u�lized to demonstrate differences amongst 
treatments as the range of CH₄ produc�on rates were at least one order of magnitude less than 
Piermont Marsh (PM) and Iona Island Marsh (II) soils and therefore u�lizing one common axis 
range would fail to show SM produc�on rate details. Overall, the graphs demonstrate the s�mu-
latory effect of acetate treatments (but not +N) among all soils for CH₄ produc�on which was 
most notable for fresher (Iona Island [II] and Piermont Marshes [PM]) wetland soils. Data are 
means ± standard errors (n=8). Treatments included no amendment (or nega�ve control), nitrate 
addi�on (NO₃-), ammonium addi�on (NH₄⁺), acetate addi�on, acetate + nitrate addi�on (acetate 
+ NO₃-) and acetate + ammonium addi�ons (acetate + NH₄⁺).
137
Figure 4. Total C mineralized as CO₂ and CH₄
Total C mineralized as (a) carbon dioxide (CO₂ [g] + CO₂ [aq] + HCO₃-) and (b) 
methane (CH₄) over the 14-d course of each incuba�on. Data are averages 
of either total mineralized CO₂-C or CH₄-C for each treatment ± standard 
errors (n=8) with the corresponding produc�on rate of the no amendment 
treatment subtracted. This was done to demonstrate the effect of each 
addi�on compared to one another.
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Figure 5. NMDS analysis of sequencing data
Non-metric dimensional scaling (NMDS) analysis of sequencing data from field samples as well 
as pre-incuba�on, no amendment, and acetate addi�on sampled a�er vessel breakdown for 
each wetland soil. Data illustrate gene�c similari�es among soils and treatments in that the rank 
order of the ordina�on scores (plo�ed) reflects the pa�ern of co-varia�on found in the original 
data (rela�ve abundance). The high r² value for Axis 1 indicates that microbial community 
abundance was correlated to wetland site and by proxy salinity. An overlying matrix of microbial 
class, as a proxy of microbial func�onal group, was u�lized in the analysis, which is also 
displayed in table 4. The overlying matrix demonstrated that classes known to contain sulfate 
reducers and sulfide oxidizers were largely associated with Saw Mill Creek Marsh (SM). While 
known methanogenesis classes were associated with Iona Island Marsh (II). Piermont (PM) was 
associated with several representa�ves from all microbial group func�on classes highlighted. 
Data are average of coordinates for each treatment ± standard errors (n=4).
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Table S1. Summary of repeated measures ANOVA for CO2 production rates 
F p F p F p
Between subjects
Treatment 5 88 <0.001 6 0.006 47 <0.001
Location 7 6 0.003 2 NS 10 <0.001
Error 35
Within subjects
Time 13 53 <0.001 34 <0.001 79 <0.001
Time*treatment 65 17 <0.001 4 <0.001 6 <0.001
Time*location 91 1 NS 1 NS 1 0.035
Error 455
Repeated measures analysis of variance (ANOVA) performed to quantify the
combined effects of treatment, location and time on carbon dioxide (CO2-C)
production rates from soil slurry incubation
df represents degrees of freedom, F represents the F value, p represents probability
and not significant (NS) probabilities are indicted for p > 0.1 
Additional abbreviations include Iona Island Marsh (II), Piermont Marsh (PM) and 




Table S2. Summary of repeated measures ANOVA for CH4 production rates 
F p F p F p
Between subjects
Treatment 5 18 <0.001 37 <0.001 7 <0.001
Location 7 4 0.001 2 NS 2 NS
Error 35
Within subjects
Time 6 4 0.002 13 <0.001 24 <0.001
Time*treatment 30 2 0.003 5 <0.001 8 <0.001
Time*location 42 0 NS 1 NS 2 0.001
Error 210
Repeated measures analysis of variance (ANOVA) performed to quantify the
combined effects of treatment, location and time on methane (CH4-C)
production rates from soil slurry incubation
df represents degrees of freedom, F represents the F value, p represents probability
and not significant (NS) probabilities are indicted for p > 0.1 
Additional abbreviations include Iona Island Marsh (II), Piermont Marsh (PM) and 





Table S3. Analyses of total C produced as  CO2-C and CH4-C 
A ANOVA summary
F p F p F p
CO 2 -C production
Treatment 5 73 <0.001 8 0.001 47 <0.001
Location 7 6 <0.001 3 0.037 10 <0.001
Error 35
CH 4 -C production
Treatment 5 49 <0.001 97 <0.001 13 <0.001
Location 7 11 <0.001 2 0.085 2 0.044
Error 35
B Post-hoc tukey analyses
Treatment






















Randomized block analysis of variance (ANOVA) performed to quantify the 
effects of treatments and location (n=8) on methane (CH4-C) and carbon 
dioxide (CO2 -C [g] + CO2 -C [aq] + HCO3
- -C [aq]) 
df represents degrees of freedom, F represents the F value, p represents 
probability and not significant (NS) probabilities are indicted for p > 0.1 
Treatments include no amendment (no amend.), nitrate addition (NO3-), 
ammonium (NH4
+) addition, acetate addition, acetate + NO3
- and acetate + NH4
+
Additional abbreviations include Iona Island Marsh (II), Piermont Marsh (PM)










































For post-hoc tukey analysis all treatments and locations are organized into
groups (i.e. “a”) in which the means for total CO2 – C and CH4 – C production 
were not significantly (p > 0.05) different
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Table S4. Analyses of biogeochemical parameters 
A ANOVA summary
F p F p F p
pH
Treatment 6 57 <0.001 37 <0.001 121 <0.001
Location 7 13 <0.001 2 0.098 4 0.001
Error 35
Salinity
Treatment 6 530 <0.001 11 <0.001 18 <0.001
Location 7 10 <0.001 4 0.003 1 NS
Error 35
Redox
Treatment 6 33 <0.001 48 <0.001 38 <0.001
Location 7 2 0.040 0 NS 2 0.096
Error 35
H 2 S concentration
Treatment 6 26 <0.001
Location 7 2 0.07
Error 35







































































































Randomized block analysis of variance (ANOVA) performed to quantify the 
effects of treatments and location (n=8) on biogeochemical parameters
post incubation
df represents degrees of freedom, F represents the F value, p represents 
probability and not significant (NS) probabilities are indicted for p > 0.1 
Treatments include preincubation, no amendment (no amend.), nitrate 
addition (NO3
-), ammonium (NH4
+) addition, acetate addition, acetate + NO3
- 
and acetate + NH4
+
Additional abbreviations include Iona Island Marsh (II), Piermont Marsh (PM),
Saw Mill Creek (SM) and hydrogen sulfide (H2S)
For post-hoc tukey analysis all treatments and locations are organized into
groups (i.e. “a”) in which the means for each biogeochemical parameter























Table S5. Analyses of DOC, NH4+ and NO3
- 
A ANOVA summary
F p F p F p
DOC
Treatment 6 35 <0.001 8 <0.001 9 <0.001




Treatment 5 212 <0.001 99 <0.001 99 <0.001




Treatment 6 34 <0.001 4 0.012 1 0.536
Location 7 1 0.480 0 0.961 1 0.404
Error 35




































































































Randomized block analysis of variance (ANOVA) performed to quantify the 




df represents degrees of freedom, F represents the F value, p represents 
probability and not significant (NS) probabilities are indicted for p > 0.1 
Treatments include preincubation, no amendment (no amend.), nitrate 
addition (NO3
-), ammonium (NH4
+) addition, acetate addition, acetate + NO3
- 
and acetate + NH4
+
Additional abbreviations include Iona Island Marsh (II), Piermont Marsh (PM),
Saw Mill Creek (SM) and hydrogen sulfide (H2S)
For post-hoc tukey analysis all treatments and locations are organized into
groups (i.e. “a”) in which the means for each biogeochemical parameter




























The objective of the work presented in this dissertation, “Investigation of Biogeochemical 
Mechanisms of Greenhouse Production in the Urban Hudson River Estuary” was to determine 
the impact anthropogenic inputs, namely sewage contamination, have upon GHG production in 
the Hudson River Estuary (HRE). I achieved this goal by combining field sampling with soil and 
sediment incubation experiments, along with extensive data analyses to elucidate relationships 
between GHG values and additional biogeochemical parameters including the genetic analysis of 
microbial communities. This approach provided insight on the temporal and spatial scales in 
which urban megacities affect estuarine biogeochemical conditions. Importantly, I identified that 
enhanced GHG production from anthropogenic inputs is ultimately due to soil/sediment activity. 
These analyses yielded 7 key findings; (1) the HRE was a source of GHG from all sites and 
almost all (>99%) time points, (2) methane (CH4) and carbon dioxide (pCO2) mid-channel 
surface values were greater in urban vs. less developed areas (regardless of salinity), (3) urban 
embayments had the greatest GHG values quantified through the HRE, (4) combined sewage 
overflows (CSOs) were a source of fecal indicator bacteria (FIB), dissolved organic C (DOC), 
dissolved inorganic nitrogen (DIN), CH4, and CO2, (5) C (as acetate), but not N (nitrate [NO3-] or 
ammonium [NH4+]), additions enhanced CH4 (>150X) and CO2 (>1.7X) production rates in 
wetland soils and embayment sediments slurry experiments, (6) CH4 production in slurry 
experiments was correlated to salinity except for Flushing Bay (FB) sediments which produced 
more total C-CH4 day-1 than soils with similar salinity but with a history of less anthropogenic 
inputs and (7) despite enhanced production, estuarine soils and sediments mineralized less than 
20% of C additions as GHGs indicating wetland soils and embayment sediments are sinks of 
anthropogenic C.  
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These data address significant knowledge gaps in the fields of both estuarine and soil 
science. It has long been posited that anthropogenic inputs including wastewater treatment from 
coastal megacities enhance GHG production, concentrations and efflux in estuarine waters. This 
potential loading mechanisms has been utilized to account for supersatured GHG concentrations 
in the HRE (de Angelis and Scranton, 1993), Guadalete River Estuary (Burgos et al., 2015), 
Thames Estuary (Upstill-Goddard and Barnes, 2016), Pearl Estuary (Chen et al., 2008), Schedlt 
(Abril et al., 2000) and elsewhere (Borges and Abril, 2011; Chen et al., 2013; Bange, 2006). But 
few of these investigations quantified anthropogenic indicators of sewage or explicitly tied these 
gases to anthropogenic sources using isotopic analysis (Griffin and Raymond, 2011). My studies 
pioneer the linkage of FIB explicitly to both CH4 and CO2 values (using multiple regression 
tests) on the scale of an entire tidal estuary. The soil incubations were also, to my knowledge, the 
first C addition experiments in temperate wetland soils. Previous work has focused on N 
additions in the field, detailing impacts on wetland macrophytes, soil stability, and GHG 
production (Deegan et al., 2012) as well as rice straw (C) additions in rice paddy soils (Conrad et 
al., 2012; Yuan et al., 2014; Ye et al., 2015; Ye et al., 2016). My experiments demonstrated that 
C, not N is the limiting factor in temperature wetland soils supporting previous research showing 
that the availability of electrons (or energy) is the controlling variable in anaerobic systems 
(Vidon et al., 2010; Sutton-Grier et al., 2011). N additions were less impactful likely due to 
reduced N demand in environments dominated by anaerobic metabolic pathways (Reddy and 
DeLuane, 2008) and excess N already sourced from anthropogenic sources in urban estuaries 




Limitations of the data  
The HRE was surveyed 10 times during the 2013-2014 RiverKeeper (May – October) 
sampling season. Unfortunately, during this time, not a single precipitation event (>0.635 cm 
within 72 hrs of sampling) occurred during any of my sampling cruises (NYC to Albany, NY). 
The lack of rain made it difficult to explicitly investigate the effect of untreated sewage inputs on 
GHGs or anthropogenic indicator values throughout the tidal HRE. The extensive FB sampling 
(n=22), independent of the RiverKeeper cruises, made up for this somewhat. But each CSO 
discharge site is unique due to a combination of geomorphology and infrastructure design. 
Sampling more sites throughout the estuary could provide a broader picture of sewage inputs’ 
ultimate effects and whether likely co-variates observed at FB such as tidal height, cycle, 
precipitation amount and intensity, are also observed elsewhere.  
GHG efflux estimates in estuarine systems are characterized by significant uncertainties due 
to both a lack of data and the difficulty of measuring efflux parameters accurately (Raymond and 
Cole 2001; Zappa et al. 2003; Borges and Abril 2011). The measurement of wind speed in 
particular, is critical as this parameter is typically utilized in power or log functions (Ho et al., 
2011) to calculate efflux. Our efflux data was no different, characterized by large variance 
between timepoints (e.g. June 2014 and July 2014 at George Washington Bridge site) for all 
sites, preventing me from analyzing differences between urban and non-developed regions as I 
did with surface concentrations. In my investigation, I used professional meteorological towers 
that they were located ~70 km apart. Being that my sites were <15 km apart, the wind speed 
utilized for calculations probably don’t reflect the actual wind speed on site. On-site wind speed 
measurements would ultimately provide more accurate efflux values, likely reducing the 
variability I observed here. 
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The soil slurry experiments used to measure the impact of C and N addition on anaerobic 
estuarine soil/sediment were designed to enable replication, but may have altered natural 
biogeochemical processes (Teh and Silver, 2006). For this reason, the rates produced in response 
to additions should be considered potential rates only. Slurries may see enhanced microbial 
production due to the mechanical breakdown of microbial and soil structures releasing nutrients 
into the slurry matrix (Dannenberg et al., 1997). Further, the reduced conditions established to 
facilitate anaerobic metabolism may limit CH4 oxidation (sink), nitrification (Lee et al., 2017) or 
the inhibition of sulfate and/or iron reduction to methanogenesis (Teh and Silver, 2006). These 
combined effects, commonly called “bottle” effects (Hartzog et al. 2017) are complex which 
warrant more realistic measurements (e.g. intact core, field measurements) to determine GHG 
production from the environment.  
Management applications 
I found that the tidal HRE annually releases 326 metric tons (MT) of CH4 and 184,947 MT of 
CO2, or a total of 207,380 MT CO2 equivalents. This represents 8.0% of NYC’s reported waste 
water treatment GHG footprint (PlanNYC, 2017) and demonstrates the large impact of urban 
inputs. However, this estimate of total GHG efflux was based only on mid-channel data. Given 
higher surface GHG concentrations in embayments and tributaries, especially urban tributaries, 
our total efflux value (as well as estimated efflux in most other studies) is likely an 
underestimate. For example, a large area fraction (34%) of the HRE is shallow (<10 feet) and 
these shallow areas receive the largest delivery of both urban and terrestrial inputs (Levinton and 
Waldman, 2006) and had the highest GHG surface concentrations (Fig. 1). Not only do these 
areas have greater GHG surface concentration, physical forces such as bottom shear, tidal 
currents, fetch and stratification are more important in shallow systems (Zappa et al., 2007) 
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compared to deeper areas (mid-channel, open ocean, etc…) and further enhance the transfer of 
GHG to the atmosphere. My data demonstrates that efflux values from urban embayments should 
both be measured and included in estuarine GHG budgets. Enhanced efflux from urban 
embayments could prove to be a significant portion of megacities’ climate impact. This 
information will provide further impetus for city managers to reduce CSOs to GHG monitoring 
and reduction implemented worldwide. 
Our combined data demonstrates that CSO events are both a direct source of CH4 and CO2 
and potential indirect source of these GHGs via enhanced in situ microbial production from C 
additions. When the C produced as CH4 and CO2 are scaled to NYCs total CSO discharge (6.33 x 
10-5 million metric tons of CO2e) or potential production from embayments (1.92 million metric 
tons CO2e) we find that total CO2e production via these pathways represents up to 0.0001 and 
4%, respectively, of NYCs total GHG footprint (49.1 million metric tons of CO2; Plan NYC, 
2017). It is complicated to constrain these estimates which scale the discharge from one CSO site 
to be representative of over 600 CSOs found throughout the NYC area or using the potential 
production from one sediment slurry incubation to represent the production from all of NYC’s 
embayments. However, these data demonstrated that CSO discharge is likely a relevant 
management concern beyond the well-recognized human health (fecal contact) and ecosystem 
impacts (eutrophication) and warrants substantial further study.  
The wetland soil and estuarine sediment incubations highlight the importance of labile C, and 
not inorganic N, as a major driver of CO2 and CH4 production rates from anaerobic estuarine 
environments that include a range of salinities and background levels of long-term pollution 
loading. Overall, CO2 production rates increased production of 1.5-2X in response to acetate 
additions compared with unamended soils. CH4 production was enhanced up to two orders of 
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magnitude greater (>100X) in response to acetate additions compared with unamended 
soils. These differences in CH4 efflux lead to much higher estimates of the global warming 
potentials (CO2 equivalents) from soils/sediments with added acetate. Given these data, C 
pollution from urban centers have the potential to increase GHG production from the 
environment in both fresh and brackish soils, a GHG source that is largely unaccounted for in 
city and/or urban emission budgets. But, despite differences in CH4 production in response to C 
additions, the amount of C mineralized as a percent of the addition was low (<20 %) for all 
wetland sites, indicating that despite enhanced GHG production from C additions urban wetland 
soils still have the potential to absorb the majority of C inputs. Overall, the data suggest C 
additions, designed to simulate sewage inputs, have the ability to enhance GHG production from 
estuarine soils and sediments but will not led to significant mineralization of native organic C (or 
“priming”). Theorized loss of organic C, followed by soil instability, and subsequent habitat loss 
presented by others (Darby and Turner, 2008; Morris and Bradley, 1999) seem unlikely in HRE 
environments.  
Future research   
The purpose of this section, is not to suggest sampling, experiments, or analyses to improve 
the research already completed (“Limitations” section), as these investigations already fill in 
knowledge gaps within the literature and can stand on their own. Instead, I will provide ideas that 
would (1) improve both our mechanistic understanding of sewage impacts in estuarine systems 
and (2) better scale GHG production from the “hot spots” and “hot moments” detailed in this 
dissertation to city-wide and regional scales. 
Microbes respond quickly to environmental change and are the main drivers of 
biogeochemical processes (Kirchman et al., 2004; Sjostedt et al., 2012, Lindh et al., 2015; 
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Fuhrman et al., 2015). Monitoring real-time changes in microbial abundance, activity, and 
metabolism to anthropogenic additions would be invaluable tools for predicating changes in 
process rates (Kisand et al., 2012; Won et al., 2017). A triple barrel approach of metagenomics, 
metatranscriptomics and enzyme assays are proven tools to investigate microbial communities, 
but have rarely been applied in anaerobic and/or estuarine environments (Stewart et al., 2012; 
Arnosti, 2011). Combining these techniques to provide insights into how microbial communities 
dictate biogeochemical cycles has gained traction in the last 5 years (Markussen et al., 2018). In 
the HRE, the first logical (and feasible) step would be quantify the specific function genes 
associated with denitrification (nirK and nirS), methanogenesis (mcraA), sulfate reduction 
(dsrAB) and iron reduction (gltA) in either laboratory incubations and/or field experiments (CSO 
delivery areas). This would determine how the activity of these important functional metabolic 
groups change to urban inputs (Groffman et al., 2006; Morris et al., 2014; LeLoup et al., 2006; 
Akob et al., 2012). I would suggest “next gen” sequencing with HiSeq 2500 
(metagenomics/transcriptomics, Illumina Inc., San Diego, CA) of extracted DNA and RNA from 
sediment samples (field or laboratory). Complimentary enzyme assays targeting recently 
identified marine (sediment) hydrolytic extracellular enzymes (Arnosti, 2011) and 
biogeochemical measurements would help link environmental conditions to microbial 
community, activity and function.  
In this investigation, we quantified CO2 and CH4 gases, but due to logistical constraints 
nitrous oxide (N2O) wasn’t measured - a GHG with 298X the warming potential compared 
relative to CO2 over a 100-year period (Ciais et al., 2013). Quantifying N2O is of major 
importance for estuaries as denitrification contributions may be a very significant GHG source in 
urban estuaries and surrounding wetlands because of high anthropogenic NO3- inputs in estuaries 
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worldwide (Schlesinger, 2009; Doney, 2010). Elevated N2O concentrations have been observed 
from urbanized estuaries (Bange, 2006; Burgos et al., 2015; Vanderborght et al., 2002) but 
similarly to CH4 and CO2 there is little data explicitly linking N2O production and anthropogenic 
indicators. I propose expanding upon the research detailed in in this dissertation by conducting 
intact core experiments, to reduce artifacts, measuring CO2, CH4 and N2O from multiple urban 
and non-urban embayments. If conducted in the NYC region, I would propose sampling 
sediment from Flushing Bay, Jamaica Bay, Bronx River and Westchester Creek, sites of the 
largest known CSO discharge as well as several less impacted sites (to be determined). Further, I 
would conduct dual 13C and 15N tracer studies which could be used to both infer the source of 
mineralized C (anthropogenic or natural) as well as identify the source of N2O (e.g. 
denitrification vs. nitrification) as detailed by Gardenas et al. (2011), albeit in aerobic systems. 
These data would help constrain the impact CSOs have on GHG production in a more 
compressive manner than demonstrated in this dissertation. This could be used to estimate and 
scale GHG production in other estuaries based on preliminary efflux, biogeochemical, or even 
molecular data. If enhanced GHG production is demonstrated to be on the same magnitude as 
NYC’s footprint I believe it would convince mangers to undertake additional infrastructure 
investment to mitigate CSO discharge beyond measures already undertaken to reduce human 
pathogen contact. 
Just one component of the research detailed in the section above could consume the entirety 
of a PhD or post-doctoral fellows’ research or potentially a professor’s career. While estuarine 
research interests me greatly, I have recently moved to San Antonio, Texas – the nearest estuary 
(Corpus Christi Bay) is a four hour drive away. However, groundwater is precious in central 
Texas, and sewage contamination is a long term ecological issue that has just recently gotten the 
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public and scientific communities’ attention. While monitoring of fecal indicator bacteria 
following storm events is on-going (Kaapoor et al., 2018), I would be interested in applying the 
techniques I have detailed in this dissertation to study the impact anthropogenic inputs have in 
the fresh water streams, aquifers and inland lakes found here. These waterbodies are little studied 
and have been demonstrated to have larger than expected global impacts (Holgerson and 
Raymond, 2018). How urban cities alter the biogeochemistry of these system is a question well 
worth studying. 
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Figure 1. CO₂e heatmap of the lower Hudson River Estuary
Heat map illustrates carbon dioxide equivalents (CO₂e) concentra�ons in the lower Hudson 
River Estuary adjacent to NYC. Greatest concentra�ons were observed in wastewater delivery 
areas within New York City (NYC) with decreasing concentra�ons observed upriver in both 
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